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Ultra-trace determination of aluminium and gallium in marine waters 
Abstract 
A rapid and simple analytical procedure was developed for the determination of aluminium and gallium at 
ultra-trace concentrations in marine waters. Pre-concentration and matrix removal was achieved via Solid 
Phase Extraction (SPE), using the Chelex-100 ion exchange resin. Extraction conditions such as sample 
and column pH (pH 5.5 ± 0.1), sample flow rate (4.00 mL.min-1), as well as the column rinsing solution 
(1.0 M ammonium acetate) were optimised to ensure quantitative recovery, while minimising sample 
preparation times. 
Quantification was conducted using an Inductively Coupled Plasma-Mass Spectrometer (ICP-MS) 
equipped with a collision/reaction cell. Instrumental conditions were optimised specifically for aluminium 
and gallium detection. Optimisation of the hydrogen and helium collision/reaction cell flow rates enabled 
polyatomic and doubly charged interferences to be minimised, allowing for accurate quantification at the 
ng.L-1 level of aluminium in hydrogen or helium cell gas modes, and gallium in hydrogen or no gas modes. 
The newly developed SPE method was applied to a number of coastal marine samples collected off the 
coast of Sydney, New South Wales. Dissolved aluminium concentrations ranged from 1.2 μg.L-1 in the 
Port Hacking estuary, to 7.3 μg.L-1 in Botany Bay. Dissolved gallium concentrations shared a similar trend 
to aluminium concentrations with the lowest concentrations found in the Port Hacking estuary (1.3 
ng.L-1), increasing in both Sydney Harbour and up to a maximum of 110 ng.L-1 in Botany Bay. All samples 
contained dissolved aluminium concentrations above the current ANZECC marine Environmental Concern 
Level (ECL) of 0.5 μg.L-1. 
The method detection limits for aluminium (10 ng.L-1) and gallium (0.1 ng.L-1) are sufficiently low, and the 
method itself is simple and fast enough to be applied in routine water quality monitoring programs to 
determine dissolved aluminium at and below the current ANZECC marine Environmental Concern Level 
(ECL) of 0.5 μg.L-1, as well as dissolved gallium concentrations at and below the current ANZECC 
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A rapid and simple analytical procedure was developed for the determination of aluminium and 
gallium at ultra-trace concentrations in marine waters. Pre-concentration and matrix removal was 
achieved via Solid Phase Extraction (SPE), using the Chelex-100 ion exchange resin. Extraction 
conditions such as sample and column pH (pH 5.5 ± 0.1), sample flow rate (4.00 mL.min-1), as well as 
the column rinsing solution (1.0 M ammonium acetate) were optimised to ensure quantitative 
recovery, while minimising sample preparation times.  
Quantification was conducted using an Inductively Coupled Plasma-Mass Spectrometer (ICP-MS) 
equipped with a collision/reaction cell.  Instrumental conditions were optimised specifically for 
aluminium and gallium detection. Optimisation of the hydrogen and helium collision/reaction cell 
flow rates enabled polyatomic and doubly charged interferences to be minimised, allowing for 
accurate quantification at the ng.L-1 level of aluminium in hydrogen or helium cell gas modes, and 
gallium in hydrogen or no gas modes. 
The newly developed SPE method was applied to a number of coastal marine samples collected off 
the coast of Sydney, New South Wales. Dissolved aluminium concentrations ranged from 1.2 µg.L-1 in 
the Port Hacking estuary, to 7.3 µg.L-1 in Botany Bay. Dissolved gallium concentrations shared a 
similar trend to aluminium concentrations with the lowest concentrations found in the Port Hacking 
estuary (1.3 ng.L-1), increasing in both Sydney Harbour and up to a maximum of 110 ng.L-1 in Botany 
Bay. All samples contained dissolved aluminium concentrations above the current ANZECC marine 
Environmental Concern Level (ECL) of 0.5 µg.L-1.  
The method detection limits for aluminium (10 ng.L-1) and gallium (0.1 ng.L-1) are sufficiently low, 
and the method itself is simple and fast enough to be applied in routine water quality monitoring 
programs to determine dissolved aluminium at and below the current ANZECC marine 
Environmental Concern Level (ECL) of 0.5 µg.L-1, as well as dissolved gallium concentrations at and 
below the current ANZECC freshwater ECL for gallium of 18 µg.L-1 (used in place of a marine ECL due 
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1.1 Metals in the Marine Environment 
1.1.1 TRACE METAL CONCENTRATIONS AND DISTRIBUTIONS 
Metals are an important component of the marine environment, with many metals being essential 
to support aquatic organisms (Förstner and Wittman, 1983; Phillips and Rainbow, 1989). The 
“natural” or “background” concentration of these metals in waters range over many orders of 
magnitude. By convention, those metals present at concentrations greater than 1 mg.L-1 are termed 
major metals, while the remainder are termed trace metals (Bruland and Lohan, 2003). The 
concentration of these trace metals in the marine environment is controlled by a combination of 
natural and anthropogenic inputs; physical, chemical or biological removal processes; as well as 
physical mixing of the oceans (Bruland et al., 1994; Tria et al., 2007; Willey, 1975). 
Due to the complex biogeochemical reactions which they are subject to in the marine environment, 
trace metals exhibit heterogeneous vertical and lateral distributions. These distributions are element 
dependent, but can be broadly categorised as either conservative, nutrient or scavenged type, 
depending on the biogeochemical behaviour of the metal (Bruland and Lohan, 2003). Trace metals 
which exhibit conservative type distributions (e.g. Mo, Sb, W and Cs) have negligible particle 
interactions and therefore possess long oceanic residence times (105– 107years). Due to these long 
residence times, the distribution of these trace metals is relatively homogeneous throughout the 
world’s oceans (Whitfield, 1981).  
Nutrient type distributions are observed amongst those elements strongly involved with biological 
uptake and release by phytoplankton (Bruland and Lohan, 2003). Maximum biological uptake occurs 
in surface waters, resulting in surface layer minima for trace metals such as zinc, silver and cadmium 
(Boyle, 1988; Bruland et al., 1978; Martin et al., 1983). While zinc and to a much lesser extent 
cadmium have biological functions in marine organisms (Lane et al., 2005; Phillips and Rainbow, 
1989), silver does not. It is believed that it is either mistakenly taken up through zinc channels, or 
passively adsorbs to biogenic material (Bruland and Lohan, 2003). As organic matter sinks and 
decomposes, the incorporated metals are released, resulting in increased concentrations deeper in 
the water column. As these metals are actively removed from the water column through biological 
processes, oceanic residence times are in the order of 103 – 105 years (Bruland and Lohan, 2003). 
Metals with strong particle interactions are known to exhibit scavenged type distributions in marine 
systems, the best example of which is aluminium. The major source of aluminium to oceans is from 
aeolian processes, with the highest concentrations observed in surface waters near these sources 
(Chou and Wollast, 1997; Tria et al., 2007). This particulate bound aluminium is released into the 
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marine environment through either cloud processing (solubilising by the wetting and drying cycles 
during cloud formation) (Spokes et al., 1994), or more importantly by direct dissolution into 
seawater (although only 8 – 10% of aluminium bound to particulates is actually released from the 
dust particles in the water column) (Kramer et al., 2004; Maring and Duce, 1987). Aluminium is 
rapidly hydrolysed at seawater pH and forms the insoluble Al(OH)3 (gibbsite) and the particle 
reactive Al(OH)4¯ species, resulting in its rapid removal from the water column, short oceanic 
residence time (<10 years) and therefore low natural concentrations (Namiesnik and Rabajczyk, 
2010; Tria et al., 2007).  
Positioned below aluminium in the periodic table, gallium is chemically quite similar to aluminium 
and forms analogous hydrolysis products (Orians and Bruland, 1988a).The two metals share a 
common vertical distribution in marine waters, with a surface maximum, mid-depth minima and 
increasing concentrations towards the sediment-water interface (Figure1.1). Gallium however, is 
thought to be much less reactive than aluminium as the molar ratio of gallium to aluminium is 50 – 
100 times greater in seawater than the crustal abundance ratio. Given that the primary source of 
both metals is aeolian deposition of crustal material (Orians and Bruland, 1988b), the dissolved 
concentration of gallium in the open ocean is 1 to 2 orders of magnitude greater than predicted, 
based on aluminium concentrations and residence times (Orians and Bruland, 1988a). 
 
Figure 1.1. Vertical distribution profiles of dissolved aluminium and gallium concentrations in the Pacific 
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Table 1.1 presents some reported concentration ranges for a number of metals including aluminium 
and gallium from various marine environments around the world, while Table 1.2 presents a 
summary of aluminium and gallium concentrations in surface waters. Clearly evident from the data 
presented in these tables is the degree to which the concentrations vary. The wide range of 
observed concentrations is due to the complex relationships between input and removal processes 
in the marine environment (Whitfield, 1981).  
Table 1.1.Typical concentrations found in the open ocean for a selection of trace metals (adapted from 












Al 50 8 – 1,050 
As 1,700 1,450 – 1,800 
Ba 14,500 4,000 – 20,000 
Cd 65 0.1 - 100 
Co 1.1 0.2 - 17 
Cr 200 150 - 250 
Cu 185 30 - 275 
Fe 27 1 - 100 
Ga 1.4 0.8 – 2,000 
Mn 16 4 - 270 
Ni 450 100 - 700 
Pb 2.0 1 - 30 
Ti 4.3 0.2 - 6.8 
V 1,650 1,500 – 1,800 
Zn 320 3 - 570 
a
Original data presented in nmol.kg
-1 
Table 1.2. Surface marine water concentrations of aluminium and gallium 
ELEMENT CONCENTRATION LOCATION REFERENCE 
Al 2.3 µg/L Mediterranean Sea Stoffyn and Mackenzie, 1982 
Al 0.7 - 2.5 µg/L Gulf of Alaska Brown et al., 2010 
Al 32 µg/L Alesk River, Alaska Brown et al., 2010 
Al 0.05 µg/L North Pacific Ocean Brown and Bruland, 2008 
Al 0.24 - 0.55 µg/L North Atlantic Ocean Kramer et al., 2004 
Al 0.005 - 2.3 µg/L Atlantic Ocean Measures, 1995 
Ga 0.14 - 0.84 ng/L Pacific Ocean Orians and Bruland, 1988 
Ga 0.33 - 1.4 ng/L Northwest Pacific Shiller and Bairamadgi, 2006 
Ga 1.6 - 2.9 ng/L Atlantic Ocean Shiller and Bairamadgi, 2006 
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1.1.2 NATURAL SOURCES OF TRACE METALS 
Ignoring for a moment anthropogenic sources, the major natural inputs of trace metals into the 
world’s oceans are from fluvial, aeolian/atmospheric, sediment/water interactions and 
hydrothermal sources (Bruland and Lohan, 2003; Chou and Wollast, 1997). While hydrothermal 
vents (submarine volcanoes) are a major source of new geological material to the submarine 
environment (Garrett, 2000; Rubin, 1997), trace metals released from these are rapidly scavenged 
and precipitate out, with minimal release and transport to surface waters (Feely et al., 1991). As a 
result, hydrothermal vents can prove to be a localised source of trace metals to deep-ocean 
sediments, however they do not significantly contribute to mean ocean metal concentrations 
(Bruland and Lohan, 2003). 
In the past, fluvial inputs were believed to be the dominant source of metals to the marine 
environment, with atmospheric inputs considered only a secondary source (Jickells, 1995). This 
assumption was based on the relationship between discharge rates, trace metal concentrations of 
the world’s major rivers and global oceanic trace metals concentrations (Stoffyn and Mackenzie, 
1982). The problem with this assumption however, was that while the major rivers of the world 
heavily influence the global water balance, they have typically suffered from insufficient and 
unrepresentative sampling, resulting in erroneous estimations of trace metal inputs (Jickells, 1995). 
Additionally, the complex interactions that occur between trace metals and major ions in estuarine 
environments has also been overlooked in many metal mass balance calculations. These reactions in 
the estuarine mixing zones can be responsible for the removal of up to 80% of river-borne metals 
(Boyle et al., 1977; Sholkovitz and Copland, 1981). Dissolved concentrations of both aluminium and 
gallium have also been shown to exhibit a positive correlation with salinity, with lower 
concentrations of both elements found in less saline estuary waters (Orians and Bruland, 1986; 
Orians and Bruland, 1988b). In these estuary environments, any fluvial sources of aluminium or 
gallium would have precipitated out or been removed by particulate adsorption. The associated 
freshwater input then effectively acts to dilute any aluminium and gallium present in the seawater, 
as well as reducing salinity, explaining the positive correlation observed (Kramer et al., 2004). 
More recently, the importance of aeolian or atmospheric trace metal inputs to oceans has been 
demonstrated by a number of studies (Brown and Bruland, 2008; Kramer et al., 2004; Maring and 
Duce, 1987). A study by Chester et al., (1991), in which the atmospheric inputs of Al, Fe, Mn, Ni, Cr, 
V, Zn and Pb to the Arabian Sea were found to be 1.6 to 9.6 times greater than fluvial inputs, clearly 
shows the importance of atmospheric deposition as a major source trace metals to the oceans. 
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Atmospheric deposition is of particular importance to the distribution of aluminium in the marine 
environment, serving as the primary source to the open ocean (Orians and Bruland, 1986; Tria et al., 
2007). Solubility measurements of aluminium in rain and ocean water have suggested that up to 
10% of the aluminium present in the aluminosilicate dust particles undergoes dissolution (Chou and 
Wollast, 1997). This is also reflected in the vertical distribution of aluminium in the open oceans, 
with a typical surface maximum due to the dissolution of aluminium from aeolian dust particles 
(Maring and Duce, 1987).  
Significant inter-ocean, dissolved metal fractionation is also observed between the Pacific and 
Atlantic Oceans and the Mediterranean Sea due to the variations in atmospheric inputs. The Atlantic 
Ocean receives significant aeolian inputs from the Sahara Desert, resulting in dissolved aluminium 
concentrations up to 40 times higher than the Pacific Ocean, which receives only minor inputs from 
the Gobi Desert (Tria et al., 2007). Greater concentrations still are observed in the Mediterranean 
Sea (up to 4 µg.L-1Al), which due to its proximity to the Sahara Desert, receives large volumes of 
aluminium-laden aeolian dust during Saharan dust storms, which is subsequently exported to the 
Atlantic Ocean (Chou and Wollast, 1997). 
Found in the same group in the periodic table, aluminium and gallium share similar chemical 
properties and are often present in the same minerals (Garrett, 2000; Shiller and Bairamadgi, 2006). 
Gallium does not occur in its elemental state and is predominantly found in the major aluminium 
ore, bauxite (USGS, 2012b). Previous studies have shown that along with displaying analogous 
marine chemistry to aluminium, the sources and distributions of the two metals are also similar, 
with atmospheric deposition the dominant source of both (Orians and Boyle, 1993; Orians and 
Bruland, 1988b; Shiller and Bairamadgi, 2006). 
An additional natural source of metals to the marine environment is from the weathering of 
endogenous minerals, which are then transported to marine systems via fluvial or atmospheric 
pathways. Natural enrichment of trace metals in localised geology can often result in increased 
metal concentrations observed in marine sediments, which can then act as a source to the overlying 
waters (Salomons et al., 1987). An example of this is the sediments of Port Curtis Harbour in 
Queensland, Australia, where elevated concentrations of arsenic were found in both the study and 
reference sites, due to natural localised arsenic enrichment (Angel et al., 2012; Jones et al., 2005). In 
the case of aluminium, silicates of aluminium are fundamental components of many clays such as 
kaolinite and montmorillonite (Hanrahan, 2012), which under certain conditions can be released 
from soils or sediments, into the aquatic environment (Bache, 1986). 
14 
 
While marine sediments serve as the ultimate sink for metals in the environment (Garrett, 2000; 
Simpson et al., 2005), they can also act as a potential source (Salomons et al., 1987). Re-suspension 
of sediments through various physical processes (e.g. water currents, bioturbation) can alter the 
sediment-water metal partitioning in the overlying water, potentially resulting in the release of 
metals (Atkinson et al., 2007). 
In the case of aluminium and gallium, the vertical distribution profile is characterised by a surface 
maximum (due to atmospheric deposition), a mid-depth minimum (due to particle scavenging) and 
an increase with depth to the sediment-water interface (Orians and Bruland, 1986; Tria et al., 2007). 
Moore and Millward (1984) proposed a pressure-dependent equilibrium between pelagic red clays 
and dissolved aluminium as the reason for the increase in aluminium concentrations towards the 
sediment-water interface, suggesting that increased pressure at the depths of the ocean resulted in 
metal release from the sediment. While this process may make minor contributions to deep water 
aluminium concentrations, it does not appear to be the major source. It has also been shown that 
the increase in aluminium concentrations down the water column is related more so to proximity to 
the sediment interface rather than to absolute depth (Orians and Bruland, 1986). 
Numerous alternate potential mechanisms responsible for this deep water increase in aluminium 
have been proposed. These include desorption from particle surfaces (Hydes, 1979), release from 
decomposing biogenic carriers (Orians and Bruland, 1985) and diffusion from sediments based on 
pore water concentration gradients (Stoffyn-Egli, 1982). Given marine sediments typically contain 
large quantities of aluminium (in the order of 1-2% w/w) (Windom et al., 1989), sediment diffusion 
could be a significant source of deep water dissolved aluminium. However, while estimations of pore 
water fluxes by Stoffyn-Egli (1982) exceed that required to maintain the observed deep water 
concentrations, it is most likely that a combination of many sources is responsible for the deep 
water increase in aluminium concentrations (Orians and Bruland, 1986). 
1.1.3 ANTHROPOGENIC SOURCES OF TRACE METALS 
Coastal marine waters, due to the proximity of human activities, can contain much higher dissolved 
metal concentrations than the open ocean, the sources of which can vary considerably (Hatje et al., 
2003; Vermeulen and Wepener, 1999). The concentration of trace metals in coastal regions receiving 
minimal anthropogenic inputs typically do not vary substantially from open ocean concentrations 
(Apte et al., 1998), however due to a long history of urban and industrial inputs, many near-shore 
coastal regions and harbours possess metal-contaminated sediments (Simpson et al., 2002). 
Anthropogenic sources of metals to coastal marine environments may include agricultural runoff, 
mining wastes as well as other industrial and municipal discharges (Pan and Wang, 2012; Callender, 
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2003). Metals from mining operations typically enter the environment as tailings released into rivers, 
or as metal-enriched dust released into the atmosphere, ultimately being transported and deposited 
into the marine environment (Callender, 2003). Other major anthropogenic sources of trace metals 
to the marine environment include domestic wastewater effluents, burning of fossil fuels and the 
discharge of sewage sludge (Nriagu and Pacyna, 1988). 
Of particular relevance to the coastal marine environment, is the impact which increased industrial 
shipping, as well as commercial and private boat use can have on the supply of contaminants. The 
loading and shipment of coal, oil and minerals in industrialised harbours can prove to be a significant 
source of pollutants to the local marine environment (He and Morrison, 2001). Along with spillage 
from shipping and handling of resources, maritime vessels themselves can be a source of pollutants. 
The use of tributyltin (TBT) in antifouling paints applied to seafaring vessels resulted in elevated 
concentrations being found in waters, sediments and biota of harbours worldwide (Batley et al., 
1989). While the use of TBT in antifouling paints was phased out over the past decade, copper is still 
commonly used due to its biocidal properties (IMO, 2002).  Consequently, dissolved concentrations 
of copper have been shown to increase in harbours where there has been a significant increase in 
shipping activity (e.g. Port Curtis, Australia. See Angel et al., (2012)). 
Despite aluminium being the third most abundant element in the earth’s crust (Taylor, 1964), it is 
not commonly associated with anthropogenic inputs of metals to the environment (Windom et al., 
1989). Due to its ubiquity in the environment, inputs of aluminium from natural weathering 
processes often greatly surpass anthropogenic contributions on an environment-wide basis (Lantzy 
and Mackenzie, 1979). On a local scale however, anthropogenic inputs can represent significant 
sources of the metal.  
Direct inputs into the marine environment from industry, particularly those associated with the 
refining and processing of bauxite ore into alumina, can contain aluminium at concentrations toxic 
to marine organisms (Trieff et al., 1995). The Bayer process, developed in 1888 by Karl Josef Bayer, is 
the standard method used to extract alumina from the bauxite ore, which is then used in the 
production of aluminium. This aggressive digestion procedure involves crushed bauxite ore being 
heated to around 300°C with sodium hydroxide, dissolving the majority of the aluminium and leaving 
an insoluble waste residue commonly known as “red mud” (Hind et al., 1999). This red mud waste is 
characterised by possessing high pH, alkalinity, electrical conductivity, sodium and aluminium 
concentrations, and is unsurprisingly highly toxic (Howe et al., 2011; VanLoon and Duffy, 2005). With 
red mud being the world’s highest volume industrial waste (Howe et al., 2011), it is a potential 
localised source of aluminium to the marine environment. With gallium forming a minor component 
of the bauxite ore (USGS, 2012b), it would be expected to share these waste industrial processing 
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inputs (Garrett, 2000). The use of alum (aluminium sulphate) in the treatment of some industrial 
discharges and effluents has also been identified as another potential direct source of aluminium to 
the aquatic environment (Cech and Montera, 2000; Henshaw et al., 1993). 
Human activities such as mining and agriculture also act as indirect sources of aluminium to the 
marine environment. The significant disturbance these activities cause to soils substantially 
increases aeolian dust loads (Eisenreich, 1980), a portion of which will be transported and deposited 
in the world’s oceans. An estimated 13% of the total atmospheric aluminium load entering the 
world’s oceans is as a result of anthropogenic activities (ATSDR, 2008; Lantzy and Mackenzie, 1979). 
1.2 Marine Water Quality Guidelines 
1.2.1 AUSTRALIA’S WATER QUALITY GUIDELINES 
With anthropogenic metal releases posing a significant threat to the environment, environmental 
managers have often implemented water quality guidelines (WQGs) to ensure the protection of the 
aquatic environment (Warne, 1998). 
In 2000, a new set of WQGs were adopted in Australia, issued by the Australian and New Zealand 
Environment and Conservation Council (ANZECC) and the Agriculture and Resource Management 
Council of Australia and New Zealand (ARMCANZ). These guidelines, often referred to as the 
“ANZECC Guidelines”, were set with the aim to “provide an authoritative guide for setting water 
quality objectives required to sustain current, or likely future, environmental values [uses] for natural 
and semi-natural water resources in Australia and New Zealand”. These guidelines are numerical 
concentrations of a contaminant that will “support and maintain the designated use of a particular 
water” (ANZECC/ARMCANZ, 2000). 
Guideline values were generated by the incorporation of multi-species toxicity data into statistical 
models, which generated trigger value concentrations required for varying degrees of species 
protection (See Warne (2001) for a detailed review). While extensive literature searches were 
conducted to obtain relevant toxicology data (Warne, 2001), for a number of metals there remained 
insufficient data to generate trigger values of acceptable reliability. In these instances, indicative 
working levels known as Environmental Concern Levels (ECLs) were generated based on the limited 
number of toxicity results available. These were generated by dividing available contaminant toxicity 
concentrations by an assessment factor, typically 1000 for datasets of only one or two species 
(ANZECC/ARMCANZ, 2000). In the case of aluminium, there were only 11 acute data points across 3 
taxonomic groups available for inclusion in trigger values assessments. Due to this lack of data, the 
ECL was determined by dividing the lowest acute toxicity result (97 µg.L-1 for the Annelid, Ctenodrilus 
serratus) by an assessment factor of 200 to achieve an ECL of 0.5 µg.L-1 (ANZECC/ARMCANZ, 2000). 
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In the case of gallium, no marine toxicity data was available and only three data points on two 
freshwater fish species were available, meaning only a low reliability freshwater ECL of 18 µg.L-1 was 
obtained. It has been suggested that this value could be used as a low reliability, interim working 
trigger value for gallium in the marine environment until more data becomes available 
(ANZECC/ARMCANZ, 2000). The ECL trigger values for aluminium and gallium are presented in Table 
1.3, along with the high reliability trigger values for a number of other metals. 
Table 1.3. ANZECC/ARMCANZ (2000) Marine Water Quality Guidelines for slightly-moderately disturbed 
systems 
 




LEVEL OF PROTECTION (% SPECIES) 
METAL 99% 95% 90% 80% ECL 
Aluminium ID ID ID ID 0.5 
Gallium ID ID ID ID 18
a
 
Cadmium 0.7 5.5 14 36 
 
Chromium (Cr III) 7.7 27.4 48.6 90.6 
 
Chromium (Cr VI) 0.14 4.4 20 85 
 
Cobalt 0.005 1 14 150 
 
Copper 0.3 1.3 3 8 
 
Lead 2.2 4.4 6.6 12 
 
Mercury (inorganic) 0.1 0.4 0.7 1.4 
 
Nickel 7 70 200 560 
 
Vanadium 50 100 160 280 
 
Zinc 7 15 23 43 
 
Note: ID = Insufficient Data; ECL = Environmental Concern Level 
a = freshwater ECL reported in absence of marine ECL 
1.2.2 TOXICITY OF ALUMINIUM AND GALLIUM 
The toxicity of aluminium in the marine environment has received significantly less attention than 
the freshwater environment, due to low natural concentrations and the alkaline pH favouring the 
presence of insoluble or negatively charged aluminium species. Fish species have been found to be 
significantly more sensitive to aluminium than other aquatic invertebrates, due to ionoregulatory 
and respiratory disturbances (Exley et al., 1991), with dietary ingestion having no adverse effects 
(Gensemer and Playle, 1999). 
Despite the increasing use of gallium over the past decade in the semiconductor industry (Yang and 
Chen, 2003), little research has been conducted on its toxicity to aquatic organisms (Harford et al., 
2011). The work by Onikura et al., (2005) is one of the rare studies of gallium toxicity to marine 
organisms. Concentrations of gallium which were lethal to 50% of the population (LC50) only were 
reported, and ranged from 11.5 to 55 mg.L-1 for the three marine organisms examined (Onikura et 
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al., 2005), concentrations much greater than would be expected to be seen in the marine 
environment. The lack of toxicity data has prevented the derivation of high reliability marine water 
quality guidelines (Harford et al., 2011; Warne, 2001). 
1.3 Quantification of metals in marine systems 
1.3.1 SAMPLING TECHNIQUES 
One of the most basic principles of effective management, is that one can only manage what one 
can measure (Schermerhorn et al., 2011), a principle which certainly applies to managing marine 
water quality. In order to ensure the accurate determination of trace metals in natural waters, 
contamination free sampling and analysis is essential (Ahlers et al., 1990).  
Sample bottles made of low-density polyethylene (LDPE) are typically chosen as they have been 
found to provide long-term, contaminant free sample storage (Brown and Bruland, 2008). Bottles 
are taken through rigorous, multi-step washing procedures, typically involving sequential detergent 
and varying strength, ultra-pure acid washing steps (Ahlers et al., 1990; Angel et al., 2010). Prior to 
collection, sample bottles are also rinsed with an aliquot of sample to “condition” the bottle.  
The adoption of clean sampling techniques is also critical in preventing sample contamination. The 
“clean hands/dirty hands” procedure described by Ahlers et al., (1990) and adopted by others (Angel 
et al., 2010; Angel et al., 2012; Apte et al., 1998), details the stringent sampling procedures required 
to prevent contamination. Contamination from boats used for sampling can be minimised by taking 
samples from the bow (front of the boat) while cruising into the current (Angel et al., 2010), or 
through the use of metal free, polyvinyl chloride (PVC) dinghy’s (Apte et al., 1998). 
In the determination of dissolved metal concentrations, samples are typically either vacuum or 
pressure filtered (using N2) through operationally defined, acid leached membranes with pore sizes 
of between 0.2 – 0.45 µm (Tria et al., 2007), then acidified to pH <2 in order to oxidise any organic 
matter present. If a sufficiently clean environment can be created in the field, filtration and 
acidification is performed at the time of collection. If a clean environment cannot be created in the 
field, samples are transported back to a clean laboratory for processing. During transport, samples 
are usually kept chilled or frozen to prevent evaporative losses and adsorptive losses onto sample 
bottle walls (Orians and Bruland, 1986).  
Sample filtration is an important step not only in terms of distinguishing between various species of 
metals (e.g. particulate vs. dissolved), but if done incorrectly, it can also be a major source of trace 
metal contamination. Screen filters (thin membranes with uniform channel diameters) made from 
polycarbonate have been found to be suitable for use in ultra-trace metal determination once they 
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have been rigorously acid washed (Ahlers et al., 1990), while also providing more accurate size 
fractionation than depth filters (thicker membranes with a spongelike structure). Once collected, 
filtered and acidified, samples typically require further pre-treatment prior to analysis. 
1.3.2 DIFFICULTIES IN TRACE METAL ANALYSIS OF MARINE WATERS 
Measurements of trace metals in the world’s ocean have been made for over forty years. Major 
advances in analytical instrumentation prompted much of the early research in the 1970s, along 
with significant improvements in clean sampling and processing techniques (Bruland et al., 1979; 
Bruland and Lohan, 2003). 
Despite great technological advances in instrumentation such as the Inductively Coupled Plasma-
Mass Spectrometry (ICP-MS), the quantification of trace metals in marine waters remains a 
challenge. The direct determination of trace metals in marine samples is extremely difficult as many 
metals are present at concentrations very close to instrumental detection limits, making accurate 
quantification problematic (Rasmussen, 1981).  
Perhaps an even more significant problem in trace metal quantification, are the many potential 
interferences and matrix effects caused by the seawater matrix. The presence of ions such as 
sodium, calcium, magnesium, potassium, boron and chloride at concentrations orders of magnitude 
greater than the target analytes can induce significant interferences in the various instruments used 
(Nelms, 2005; Schlemmer and Radziuk, 1999). Additionally, the direct aspiration of seawater into the 
sample introduction systems of analytical instruments can also cause blockages, resulting in 
significant declines in sensitivity and accuracy. A more detailed description of instrument specific 
interferences is given in Section 1.4. 
A number of techniques have been developed for the matrix removal and pre-concentration of 
metals including aluminium and gallium in marine waters, of which the liquid-liquid solvent 
extraction (Section 1.3.3) and solid phase extraction (SPE) (Section 1.3.4) methods have received the 
most attention. 
1.3.3 PRE-CONCENTRATION TECHNIQUES: SOLVENT EXTRACTION 
The liquid-liquid solvent extraction technique has been in use for over half a century, with the 
earliest reviews appearing in the early 1950s (Irving, 1951) and the earliest reported use of the 
technique for the pre-concentration of metals in marine waters dating back to the work of Brooks et 
al., (1967) in the 1960s. This method involves extracting metals from a sample of seawater into a 
much smaller volume of organic solvent. Metals are removed from the seawater by the addition of a 
chelating ligand, which forms complexes that are insoluble in water, but are soluble in an organic 
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solvent (Burger, 1973). Once the metal complexes have been transferred from the aqueous to 
organic phase, the metals in the organic phase can be analysed directly (Apte and Gunn, 1987), or 
can be back-extracted into an aqueous solution using a strong acid (Angel et al., 2010; Apte et al., 
1998; Hatje et al., 2003). 
The choice of complexing agent is dependent upon the metals to be extracted, and the resulting 
solubility of the metal complexes influences the choice of organic solvent into which the complex is 
extracted. One of the most common complexing agents for the extraction of aluminium is 8-
Hydroxyquinoline (8-HQ), a monoprotic, bidentate ligand (Figure1.2). Commonly known as oxine, it 
has been the dominant complexing agent used in the solvent extraction of aluminium (Orians and 
Bruland, 1986; Orians and Bruland, 1988b), and has also been applied to the extraction of a wide 
range of other metals, including gallium (Burger, 1973). 
 
Figure 1.2.Structure of 8-Hydroxyquinoline (adapted from Burger, 1973) 
Complexation of aluminium using 8-HQ requires the metal to be in its cationic form, however at 
seawater pH, the anionic and insoluble forms dominate (Gensemer and Playle, 1999), meaning 
sample pre-treatment is critical in achieving accurate and precise results. In order to facilitate 
quantitative complex formation, the sample pH is adjusted from its acidified state (pH <2) to 6.0 – 
7.5 (Orians and Bruland, 1986).  
Once sample pH is adjusted, a known weight or volume of sample is combined with an aliquot of the 
8-HQ complexing agent in a separating funnel, to which a small volume of organic solvent is added. 
These solutions are well mixed to allow the metal-ligand complexes to transfer in to the organic 
phase, which is subsequently separated from the aqueous phase. The pre-concentration procedure 
used by Orians and Bruland (1986), requires the organic extract then be evaporated to dryness, 
followed by addition of acid which is again evaporated to dryness, with the residue dissolved in 
dilute HNO3. While metal-oxine complexes can be broken down by strong mineral acids (Burger, 
1973), simple addition of HNO3 to the organic extract may not result in quantitative recovery.  
While the solvent extraction method has been used effectively to quantify many metals in seawater 
including aluminium and gallium (see Table 1.4), it does suffer from some significant drawbacks. The 
most well documented issue associated with this method is the use of relatively large amounts of 
21 
 
hazardous organic solvents (typically 10 – 20 mL per sample). The four most common solvents, 
chloroform, methyl isobutyl ketone (MIBK), 1,1,2-trichlorotrifluroethane (Freon) and 1,1,1-
trichloroethane  are all hazardous substances, while Freon and 1,1,1-trichloroethane are also ozone 
depleting substances (Department of Sustainability, 2013). 
In addition, the time and labour intensive nature of the extraction process, combined with the 
human and environmental health concerns over the use of these substances, have been the driving 
forces behind the move away from solvent extraction as a pre-concentration technique.  Despite 
these issues, the technique has been used successfully in the determination of metals in marine 
waters for many years (see Table 1.4). 
1.3.4 PRE-CONCENTRATION TECHNIQUES: SOLID PHASE EXTRACTION 
As with solvent extraction, the use of solid phase extraction (SPE) as a pre-concentration technique 
for metals in seawater dates back to the 1960s, with the work of Riley and Taylor (1968) one of the 
first published examples. As SPE does not require the use of hazardous solvents, it has become an 
increasingly popular method for the pre-concentration of metals in marine waters 
The SPE method involves the use of a chelating resin and can be carried out in either a “batch” or 
“column” format. In the batch format, a chelating resin is added directly to a sample of seawater, 
where it is then mixed well and removed by either adsorption onto an extraction column (Wells and 
Bruland, 1998), or centrifuged and the seawater siphoned off (Lee et al., 2011). 
The more common format is the column setup, in which a chelating resin is packed into a column, 
through which a sample of seawater is pumped. Metals with a high affinity for the active sites of the 
resin will bind to the resin, while the bulk of the salt matrix will flow through. Once a known volume 
has been pumped through the column, the metals which were bound to the resin are eluted off by 
pumping a small volume of acid through the column. This eluate is collected and analysed, with the 
initial concentration calculated by dividing the measured concentration by the ratio of the initial 
sample volume to the final elution volume (Harris, 2006). 
SPE requires the careful selection of an appropriate resin type, which will require subsequent 
optimisation of sample pH, sample volume, sample loading flow rate, elution volume and eluting 
acid (Rao, 1995; Sharma et al., 2003). While a wide variety of chelating resins have been used for the 
extraction of metals from marine waters, many share common functional groups such as 
iminodiacetic acid (IDA), ethylenediaminetetraacetic acid (EDTA), 8-hydroxyquinoline (8-HQ) or 
nitrilotriacetic acid (NTA) origins. 
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A common type of resin used for aluminium pre-concentration, is the 8-HQ immobilised resin. Along 
with being used in the solvent extraction of aluminium, 8-HQ has also been adapted for SPE uses, 
due to the strong complexes it forms with divalent and trivalent metals (Sturgeon et al., 1981). 8-HQ 
is not in itself a resin; rather the functional group can be immobilised onto various substrates and 
packed into columns. Landing et al., (1986) proposed the first and most used method of 8-HQ 
immobilisation, with subsequent improvements made by Dierssen et al., (2001). While many studies 
have utilised 8-HQ resins for the successful pre-concentration of metals in marine waters (Abbasse 
et al., 2002; Orians and Boyle, 1993; Resing and Measures, 1994), the immobilisation process is 
difficult and time-consuming, with significant batch to batch variability impacting the effectiveness 
of the resin (Brown and Bruland, 2008). This has led to the development and application of other 
commercially available chelating resins. 
One of the earliest examples and most widely used chelating resins is that of Chelex-100, a styrene 
divinylbenzene copolymer possessing two IDA groups, which act to bind polyvalent metal ions 
(Figure 1.3)(Bio-Rad Laboratories, 2012). This commercially available resin has been used 
successfully for the pre-concentration of a wide range of metals in seawater (Paulson, 1986), 
including gallium (Orians and Bruland, 1988b; Rao, 1995). IDA based resins have also been applied to 
aluminium pre-concentration in the form of another commercially available resin (Toyopearl AF-
Chelate 650M) (Brown and Bruland, 2008).  
 
Figure 1.3.Structure of the Chelex-100 Resin (Bio-Rad Laboratories, 2012) 
 
Careful optimisation of the extraction conditions is needed in order to achieve quantitative pre-
concentration. As with solvent extraction, pH plays a critical role in the extraction efficiency, with 
slightly acidic pH’s (pH 4-6) typically resulting in maximum metal uptake for aluminium (Brown and 
Bruland, 2008) and gallium (Orians and Bruland, 1988b). The correct sample loading flow rate is also 
critical in ensuring quantitative metal uptake onto the chelating resin.  
Flow rates will vary between different resins and will also be influenced by the size (length and area) 
of the column into which it is packed and the exchange rate between the mobile (sample) and 
stationary (resin) phases. Flow rates of 0.6 – 5.0 mL.min-1 have been used for various resin types and 
column sizes (Biller and Bruland, 2012; Orians and Boyle, 1993). Given the slow sample loading flow 
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rates required, the choice of sample loading and elution volume is often a trade-off between 
ensuring an large enough pre-concentration factor, while not requiring excessive loading times.  
The choice of eluting acid type, strength and volume are also important parameters requiring 
optimisation, as they will vary significantly with resin type, volume of resin used, sample loading 
volume and the metals of interest (Brown and Bruland, 2008; Rao, 1995). For example, Brown and 
Bruland (2008) used 0.1 M hydrochloric acid to elute aluminium off an IDA resin (Toyopearl AF-
Chelate 650M), whereas Orians and Bruland (1988b) eluted gallium from a different IDA resin 
(Chelex-100) with 2.5 M nitric acid. The type of instrument used to analyse the eluates will also 
influence the choice of acid used (e.g. nitric acid is preferred to hydrochloric acid in Inductively 
Coupled Plasma-Mass Spectrometry (ICP-MS) analysis as it causes fewer interferences). 
While SPE is effective at retaining target metals ions onto the chelating resin, significant quantities of 
non-target ions such as calcium, sodium, magnesium and barium can also be retained and 
subsequently eluted from the resin (Bruland et al., 1979). In order to reduce the amount of non-
target ions being retained on the resin, SPE columns are typically rinsed with a buffer solution prior 
to elution, selectively removing weakly-bound, non-target ions from the column (Orians and Boyle, 
1993; Paulson, 1986). 
Before the introduction of sensitive analytical instruments such as the ICP-MS (see Section 1.4.3), 
multiple litres of sample were pumped through resins at millilitre per minute flow rates, then eluted 
with millilitre volumes of acid in order to achieve the required pre-concentration factors (up to 800 
fold, e.g. Orians and Boyle, (1993); Orians and Bruland, (1988b)). This required sample loading times 
of up to 20 hours in order to achieve the necessary pre-concentration factors, which hindered the 
adoption of this technique in routine analysis.  
Utilisation of sensitive instruments such as ICP-MS for quantification has reduced the need for such 
large pre-concentration factors, with volumes of less than 50 mL now sufficient in many cases (Biller 
and Bruland, 2012; Rahmi et al., 2007). The reduction in the volume of sample pumped through a 
column has also meant that the amount of resin and therefore the size of columns required have 
been greatly reduced. Recent work by Rahmi et al., (2007) as well as Biller and Bruland (2012) 
highlight this trend, with column volumes being reduced to 10 and 27 µL, respectively. The reduction 
in sample loading volumes and therefore loading times, as well as novel column designs and 




1.4 Instrumental detection methods 
1.4.1 ATOMIC ABSORPTION SPECTROMETRY 
Many of the first studies of trace metals in the marine environment utilised Atomic Absorption 
Spectrometry (AAS) as the method of detection after a pre-concentration step (Brooks et al., 1967; 
Riley and Taylor, 1968), however due to the unwanted ionisation of analytes, the sensitivity of this 
method often failed to achieve detection limits better than 10 µg.L-1 (Harris, 2006; Riley and Taylor, 
1968).The development of the graphite furnace-AAS (GF-AAS) produced significantly better 
detection limits than conventional flame AAS and could tolerate much higher dissolved solid 
concentrations (up to 20%) (Harris, 2006).  
This ability to withstand complex matrices often resulted in organic solvent extracts from liquid-
liquid solvent extractions being analysed directly, eliminating the back-extraction into aqueous 
phase step (Apte and Gunn, 1987). Orians and Bruland (1986; 1988b) used solvent extraction and 
SPE pre-concentration methods for aluminium and gallium respectively, followed by GF-AAS to 
successfully quantify open ocean concentrations of both elements. Subsequent stringent regulation 
of ozone depleting organic solvents has eliminated the practice of direct analysis of organic solvent 
extracts. The use of AAS however, has significantly declined over the past 15 to 20 years, due to the 
development of sensitive, multi-element techniques such as ICP-Atomic Emission Spectrometry (ICP-
AES) (Section 1.4.2) and ICP-MS (Section 1.4.3). 
1.4.2 ATOMIC EMISSION SPECTROMETRY 
Another optical spectrometry technique commonly used for trace metal analysis is Atomic/Optical 
Emission Spectrometry (AES or OES), however unlike conventional AAS, AES is a simultaneous, multi-
element technique. The most common excitation source used in emission spectrometry is the 
Inductively Coupled Plasma (ICP). This excitation source, also commonly coupled to mass 
spectrometers (Section 1.4.3), is extremely effective at sample desolvation, atomisation, ionisation 
and excitation of analyte elements. 
Despite being a rapid method for the determination of a wide range of metals, the first radially 
viewed ICP instruments were not capable of achieving adequate detection limits to quantify many 
elements at their natural concentrations in the environment. The advent of axially viewed ICP-AES 
resulted in significant improvements to detection limits, due to greater analyte emissions produced 
as a result of the longer path length associated with axially viewing the plasma (Boss and Fredeen, 
1999). The use of ultrasonic nebulisers over conventional pneumatic nebulisers has also improved 
ICP-AES detection limits (Budic, 1998). 
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For many years, the quantification of aluminium by ICP-AES was hindered by the relatively high 
detection limits (20 to 50 µg.L-1) obtained from the conventional ultraviolet (CUV) emission lines of 
aluminium (from around 220 to 400 nm) (Boumans, 1981). A number of more sensitive emission 
lines of shorter wavelength exist for aluminium, notably the 167.019 nm and 176.502 nm lines, 
however the absorption of electromagnetic light in the 160 to 190 nm range by the oxygen molecule 
(O2) prevented quantification using these sensitive emission lines. The advent of polychromator 
detectors operated either under vacuum, or purged with inert argon or nitrogen gas which do not 
absorb these wavelengths of electromagnetic radiation, allowed for much greater sensitivity in the 
quantification of aluminium by ICP-AES (Boss and Fredeen, 1999; Uehiro et al., 1984). 
A wide bore plasma torch and nebuliser argon humidifier setup was used by Angel et al., (2012) in 
the quantification of a range of metals including aluminium, in marine water samples from 
Gladstone Harbour, QLD, Australia. In the case of Cd, Co, Cu, Ni, Pb and Zn, a solvent extraction step 
was used followed by ICP-MS analysis to achieve lower detection limits. For aluminium however, a 
detection limit of 1 µg.L-1 was achieved using matrix-matched standards prepared in filtered coastal 
seawater collected from a “clean” location. This detection limit however was still twice the current 
ANZECC Environmental Concern Level of 0.5 µg.L-1 (ANZECC/ARMCANZ, 2000), with the reported 
results representing only the concentration of aluminium which is greater than that of the seawater 
used to prepare the calibration standards. As a result, if the seawater used in preparing the 
calibration standards contained elevated aluminium concentrations, the reported results of samples 
run against these standards would likely be an underestimate of the true concentration. While 
gallium was not reported in the study by Angel et al., (2012), typical ICP-AES detection limits are in 
the order of 10 µg.L-1 (Harris, 2006). 
ICP-AES has also been used in conjunction with matrix removal/pre-concentration steps for a suite of 
metals in marine waters. Abbasse et al., (2002) employed an 8-HQ-SPE pre-concentration step for 
the quantification of eight metals in seawater, with the final determination made using an ICP-AES 
equipped with ultrasonic nebuliser to improve detection limits. With a pre-concentration factor of 
100, recoveries were obtained for reference materials SLEW-3, CASS-3 and NASS-3. While these 
results were “statistically acceptable”, 9 out of 22 metal concentration values for the 3 reference 
materials were outside the acceptable 2σ range. This highlights the limitations of ICP-AES analysis 
and justifies the routine use of the more sensitive ICP-MS technique for quantification. 
1.4.3 INDUCTIVELY COUPLED PLASMA-MASS SPECTROMETRY 
The development of the Inductively Coupled Plasma-Mass Spectrometer in the late 1970s and 
commercialisation of the instrument in 1983 resulted in dramatic improvements to trace element 
analysis (Nelms, 2005). Compared to other atomic analysis methods such as GF-AAS or ICP-AES, ICP-
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MS provides faster, more precise and more sensitive analysis and unlike GF-AAS, can quantify 
multiple elements simultaneously while achieving instrumental detection limits in the order of ng.L-1 
for both aluminium and gallium (Harris, 2006). While inductively coupled argon plasmas eliminate 
many interferences that occur in natural samples, the technique does suffer from some important 
limitations, most notably the occurrence of isobaric interferences and its low tolerance for dissolved 
solids (Harris, 2006; Nelms, 2005). 
The small apertures of the sample and skimmer cones at the ICP interface are susceptible to clogging 
if samples containing elevated dissolved solid concentrations (>0.2% w/v) are aspirated, such as 
seawater. For some elements, this issue can be overcome by simply diluting the seawater with ultra-
pure water before analysis. For trace elements however, this is quite problematic as, by their nature, 
they are present at very low concentrations and further dilution only makes quantification more 
difficult. Additionally, any contamination which may be introduced to the sample during dilution 
would be multiplied by the dilution factor, imparting a positive bias on the final result. 
Another issue associated with the introduction of high salt matrices into the ICP (of both AES and 
MS), is the suppression of the analyte signal caused by the presence of high concentrations of easily 
ionised elements (i.e. those with low ionisation potentials) such as sodium and potassium. As these 
elements have lower first ionisation potentials they effectively act to “sap” energy from the plasma, 
reducing the ionisation efficiency of elements with higher ionisation potentials (Kawaguchi, 1988). If 
we consider an analyte atom (M) and a sodium atom (Na), once injected into the ICP, these species 
will undergo ionisation reactions given in Equations 1.1 and 1.2, respectively: 
M ↔ M+ + e- (Equation 1.1) 
Na ↔ Na+ + e- (Equation 1.2) 
As the sodium atom is easily ionised and is present in great excess compared to M, the high electron 
density produced by the sodium atoms can force the ionisation equilibrium of the analyte ion (M) to 
the left in Equation 1.1, resulting in a reduction in the formation of analyte ions and hence a 
suppression in the analyte signal (Olivares and Houk, 1986). This suppression necessitates the use of 
a matrix removal/pre-concentration step in determining metals in marine waters by ICP-MS. 
The other main issue associated with ICP-MS analysis is the presence of isobaric spectral 
interferences, of which there are three main types: single element overlap, polyatomic overlap or 
doubly charged overlap. Single element isobaric interferences exist when two different elements 
have isotopes with almost identical mass to charge ratios (m/z), an example of which is the 204 m/z 
isotopes of mercury and lead. ICP-MS’s using conventional quadrupole mass filters do not possess 
sufficient resolution to separate these two isotopes from one another, preventing accurate 
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quantification using these isotopes. The easiest way to overcome this type of interference is to use 
an isotope that is free from isobaric interference (e.g. use 208Pb and 201Hg), which is possible for 
every element except indium, as its 113 and 115 isotopes both suffer interferences from cadmium 
and tin, respectively. In this circumstance, a correction equation is used calculate the 115 m/z counts 
which are from indium and those which are from tin. The contribution from tin (calculated by 
measuring 118Sn and inferring 115Sn counts based on natural isotopic abundances) is subtracted from 
the total counts at m/z 115 to yield 115In counts (US EPA, 1994b). While there are no such 
interferences that occur for the isotopes of aluminium or gallium, indium is a commonly used 
internal standard in ICP-MS metals analysis particularly for gallium, as they are in the same group of 
the periodic table and are chemically comparable, sharing similar ionisation potentials. It is therefore 
important that this interference on indium is corrected. Rhodium (103Rh) or yttrium (89Y) can be used 
as potential alternative internal standards. 
Interferences which do have a direct effect on the isotopes of aluminium and gallium are polyatomic 
overlaps. These exist where two or more atoms join to form a molecule with the same m/z ratio as 
the target analyte. Common examples of polyatomic interferences on aluminium (m/z = 27) are 
12C15N+, 13C14N+ and 11B16O+ (May and Wiedmeyer, 1998). The formation of a metal-oxide species such 
as 11B16O+ relative to the single element (B+) in most ICP-MS’s is typically less than 4%, and when 
tuned correctly, oxide/element ratios of <1% are achievable (Nelms, 2005). However, given the 
relatively high abundance of B in seawater (4-5 mg.L-1, Bruland and Lohan, 2003), even oxide 
formations of 1% would impart significant interference on the 27Al isotope. Therefore, if B were also 
pre-concentrated in a similar manner to aluminium, a matrix removal step would do little to reduce 
this interference. However, B is not known to form complexes with 8-HQ in a solvent extraction 
procedure (Phillips, 1956), and would not likely be retained on a cationic SPE resin (Kot, 2009; Lopez-
Garcia et al., 2009). It would be advisable however to monitor boron concentrations in pre-
concentrated samples. 
Aside from sensitive instrumental tuning, polyatomic interferences can be reduced using 
collision/reaction cell gases such as helium or hydrogen (Yip and Sham, 2007). In a helium collision 
cell setup, helium gas is fed into a cell containing an octopole through which the ions generated by 
the plasma pass. As polyatomic species are larger than the analytes they interfere with, they will 
collide with the helium gas more frequently, losing more energy and ultimately being prevented 
from entering the quadrupole mass filter in a process known as Kinetic Energy Discrimination. In the 
case of some polyatomic species, the collision energy between the helium gas and the polyatomic is 
greater than the bond energy between the atoms of the polyatomic species, resulting in the 
breaking-up of that polyatomic species (Marcus, 2004; Nelms, 2005). 
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The setup for a hydrogen reaction cell is similar to that of helium, however the mechanism of 
interference removal is different. In hydrogen mode, interferences are removed by either charge or 
proton transfer. Charge transfer occurs when an electron from a neutral hydrogen atom is 
transferred to the interfering ion, thereby making it neutral and not focused through the quadrupole 
and detector. Proton transfer involves the binding of hydrogen atoms onto the interfering species, 
increasing its m/z ratio by 1, and thereby shifting the interference off the target analytes m/z ratio 
(Nelms, 2005) (see Chapter 3 for a more detailed explanation of collision/reaction cells).  
The two isotopes of gallium (m/z 69 and 71) suffer less so from polyatomic interferences, as the 
dominant interfering species are triatomic (e.g. 35Cl16O18O+, 35Cl17O2
+ = 69Ga; 35Cl18O2
+, 36S17O18O+, 
1H35Cl2
+ = 71Ga) (May and Wiedmeyer, 1998; Reed et al., 1994), are much larger and less likely to 
remain as a single species through the plasma and ion path to reach the detector (Harris, 2006; 
Nelms, 2005). However, gallium does suffer significant doubly charged isobaric interferences from 
barium and to a lesser extent cerium and neodymium. The second ionisation potential of barium and 
cerium (~10 eV) is much lower than that of the argon plasma gas, resulting in a portion of ambient 
barium, cerium and neodymium being present in the doubly charged forms (in fact, barium has the 
lowest second ionisation potential of all elements). The 138Ba2+, 142Nd2+ and 142Ce2+ doubly charged 
ions are not discernible from the 69Ga+ and 71Ga+ isotopes of gallium using conventional quadrupole 
ICP-MS (Q-ICP-MS) and impart a positive bias.  
As with polyatomic interferences, correct tuning of the ICP-MS can reduce the formation of doubly 
charged species, however Ba2+/Ba+ ratios of ~2% are still common. With barium present in marine 
waters at concentrations much greater than that of gallium (10-20 µg.L-1, Bruland and Lohan, 2003), 
the doubly charged barium species could pose a significant problem in the quantification of gallium. 
In the pre-concentration of gallium by SPE, it has been found that rinsing the resin with ammonium 
acetate before elution was effective at removing barium from the sample, thereby greatly reducing 
the effect of the doubly charged barium species (Orians and Boyle, 1993). 
1.4.4 OTHER METHODS 
Fluorescence Spectrometry 
Some of the earliest reported methods for the determination of aluminium in marine waters utilised 
the fluorescence of complexes it forms with organic ligands as a means of quantification (Hydes and 
Liss, 1976). Significant improvements in the fluorometric technique were made by Resing and 
Measures (1994), whereby an in-line column pre-concentration step was incorporated into a Flow 
Injection Analysis (FIA) system. In this system, aluminium was pre-concentrated using an 8-HQ 
column, before being reacted with lumogallion. The fluorescence of this aluminium-lumogallion 
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complex formed was then measured on-line. Earlier work by Howard et al. (1986) had shown that 
fluorescence of the aluminium-lumogallion complex could be enhanced by incorporating a 
surfactant into the solution. The majority work following on from Howard et al., (1986), including 
that of Resing and Measures (1994) used a surfactant to increase fluorescence intensity. More 
recent work by Brown and Bruland (2008) adapted the FIA method of Resing and Measures (1994) to 
use a commercially available chelating resin (Toyopearl AF-Chelate 650M) for pre-concentration, 
significantly improved the methods reproducibility by removing the need for in-house synthesise of 
the 8-HQ resin. 
The determination of gallium using fluorometric techniques has been examined in far less detail, 
with no published examples able to be found of its use for marine waters. Fluorescence 
spectroscopy has been used for the determination of gallium in biological materials (Urena et al., 
1985; Zweidinger et al., 1973), however the detection limits reported are insufficient for 
quantification of gallium at natural marine concentrations. 
While fluorescence is an important and powerful tool for the quantification of aluminium in marine 
waters, where simultaneous quantification of aluminium and gallium is required, fluorescence 
spectroscopy can suffer from significant interferences as highlighted by Vitense and McGown (1987). 
Work by Jones (1991) and Jones and Paull (1992) looked to overcome interferences, predominantly 
those from iron, through the development of high performance liquid chromatography (HPLC) 
methods. While these approaches were able to remove interferences from iron on the 
determination aluminium, they made no reference to being able to separate the almost identical 
aluminium and gallium fluorescence spectra (Vitense and McGown, 1987). Additionally, a detection 
limit of only 1 µg.L-1 was obtained, twice that of the current ANZECC ECL (ANZECC/ARMCANZ, 2000). 
In such circumstances where simultaneous determination of aluminium and gallium is required, 
mass spectrometry (Section 1.4.3) has been found to be a more suitable detection method (Fairman 
et al., 1998). 
Voltammetry 
Broadly, voltammetry is a collection of techniques which involves the application of a varying 
electrical potential, while measuring the corresponding current flow between a working and 
reference electrode placed in a sample (Bard and Zoski, 2000; Harris, 2006). In terms of trace metal 
quantification, the two most common types of voltammetry utilised are anodic stripping 
voltammetry (ASV) and cathodic stripping voltammetry (CSV), with CSV being of particular relevance 
for the determination of aluminium. Typically, the quantification of aluminium by CSV is somewhat 
difficult, due to its highly negative reduction potential (-1.75 V vs. saturated calomel electrode (SCE)) 
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which is very close to some of the major ions present in seawater such as sodium, potassium and 
barium (Chow et al., 2003; Tria et al., 2007). These obstacles have been overcome by complexation 
with di-o-hydroxyazo dyes, followed by polarographic determination (van den Berg et al., 1986; 
Willard and Dean, 1950). 
Van den Berg et al., (1986) successfully applied this method to the quantification of aluminium in 
marine waters, achieving a detection limit of 0.03 µg.L-1, while Wang and Zadeii (1986) applied a 
similar method for the determination of gallium, however a detection limit of only 0.1 µg.L-1 was 
obtained, insufficient for quantifying gallium in marine waters. 
CSV is useful in quantifying aluminium in seawater, as it is inherently stable in seawater matrices and 
incorporates the pre-concentration step into the voltametric cell itself (Achterberg and Braungardt, 
1999). However, it does not possess the multi-elemental capabilities of ICP-AES (section 1.4.2) or 
ICP-MS (section 1.4.3) and requires the use of considerable amounts of mercury, a hazardous and 
toxic material (Zahir et al., 2005). For these reasons, it has become less favoured as a quantitative 
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Table 1.4. Summary of methods for the determination of aluminium and gallium in seawater 
 







METHOD LOD SAMPLING LOCATION REFERENCE 
Al Fluorescence --- Natural waters 50 ng.L
-1 
--- Hydes and Liss, 1976 
Al GF-AAS 8-HQ/chloroform solvent extraction Seawater 2.4 ng.L
-1
 North Pacific Ocean 
Orians and Bruland, 1986
a
; 
Orians and Bruland, 1988
a 
Al Fluorescence 8-HQ SPE Resin Seawater 4 ng.L
-1
 Laboratory study only Resing and Measures, 1994
a 
Al Fluorescence 




 North Atlantic Ocean Kramer et al., 2004
a 
Al Fluorescence Toyopearl SPE resin Seawater 2.7 ng.L
-1
 
North Pacific Ocean/Gulf of 
Alaska 
Brown and Bruland, 2008; Brown 
et al., 2010 
Al CSV Hanging Hg electrode CSV Seawater 27 ng.L
-1
 Menai Straits, Wales van den Berg et al., 1986 
Al ICP-AES --- Seawater 1 µg.L
-1 
Gladstone Harbour, QLD Angel et al., 2012 
Ga GF-AAS Chelex-100 and 8-HQ  SPE resin Seawater 0.09 ng.L
-1
 North Pacific Ocean Orians and Bruland, 1988
a 
Ga ICP-MS 8-HQ SPE resin Seawater 0.04 ng.L
-1
 North Pacific Ocean Orians and Boyle, 1993
a 
Ga GF-AAS Muromac A1 / Chelex-100 SPE resin Seawater Not reported Laboratory study only Rao, 1995 
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1.5 Project Outline 
This review has highlighted that there are only a limited number of approaches to the determination 
of aluminium in marine waters. Due to the low natural concentrations of aluminium in marine 
waters, complex and often time and labour intensive pre-concentration techniques are required for 
its accurate quantification. The lack of adequate sample throughput associated with conventional 
pre-concentration techniques has resulted in aluminium not typically being analysed in routine 
marine water quality monitoring programs.  
With global production rates of aluminium increasing 90% over the last decade (USGS, 2012a), 
environmental systems are at increasing risk of exposure to aluminium (Sposito, 1996). A recent 
study by CSIRO in Gladstone Harbour, Queensland found concentrations of dissolved aluminium 
throughout the harbour which exceeded the ANZECC Environmental Concern Level (ECL) of 0.5 µg.L-1 
(Angel et al., 2012; ANZECC/ARMCANZ, 2000). The limitations of the methods used in the Angel et 
al., (2012) study have been discussed in section 1.4.2, and highlight the need for the development of 
a rapid, accurate technique for the determination of aluminium at ultra-trace concentrations. 
Gallium is much less abundant in the earth’s crust than aluminium, however it is chemically similar 
and co-occurs in many minerals including the chief aluminium ore of bauxite. If the elevated levels of 
dissolved aluminium in the Gladstone Harbour were as a result of nearby aluminium ore processing, 
it is conceivable that dissolved gallium concentrations may also be elevated. 
 In order to effectively manage potential aluminium and gallium contamination, it is essential to be 
able to measure dissolved aluminium concentrations at and below the ECL. It is therefore the aim of 
this study to: 
 Explore the optimisation of an ICP-MS for the quantification of aluminium and gallium. 
 Investigate a classical solvent extraction method for the determination of both aluminium 
and gallium in marine waters, using 1,1,1-trichloroethane as the solvent. 
 Develop a novel SPE method for pre-concentrating aluminium and gallium in marine waters, 
followed by quantification by ICP-MS, comparing results to the classical method. 
 Optimise the solvent extraction/ SPE method as a high throughput (10+ samples per day) 
method, capable of achieving detection limits for aluminium ten times lower than the 
current ECL of 0.5 µg.L-1. 
  Apply the newly developed method to coastal marine samples collected from the east coast 




2.1 General laboratory ware cleaning procedures 
For all ICP-MS analysis, liquid-liquid solvent extraction and solid phase extraction (SPE) experiments, 
laboratory ware which held samples, standards or reagents was made of either low-density 
polyethylene (LDPE), polycarbonate (PC) or polypropylene (PP) plastics. To reduce any potential 
aluminium contamination from the plastic-ware itself, a variety of cleaning procedures were 
undertaken depending on the type of plastic and the final use of the equipment. These procedures 
are summarised in Table 2.1. 
2.2 Collection of seawater 
All seawater used in the method validation experiments was collected by CSIRO staff from a near 
shore rock platform at Cronulla, NSW (35° 4’ 12” S, 151°9’36” E). Those collecting seawater waded 
out onto the rock platform with acid washed 5 L high density polyethylene (HDPE) carboys, which 
were rinsed three times with seawater before being filled for collection. This fresh seawater was 
transported back to the laboratory, where it was filtered through a 0.45 µm membrane filter and 
stored refrigerated (4 ± 4°C) until required. 
Once the pre-concentration method was optimised, it was applied to coastal surface water samples 
collected on the east coast of NSW, Australia to quantify aluminium and gallium (see Appendix B for 
site descriptions and Appendix C for a map of the sampling area). Sample collection employed the 
“clean hands, dirty hands” procedure similar to that detailed by Angel et al., (2012). In short, 1 L acid 
washed LDPE bottles (Nalgene, Thermo) were transported to the sampling sites in two zip-lock 
plastic bags. Vinyl gloves were then put on and sample bottles removed from the two zip-lock bags 
and loaded into a Teflon pole sampler. Sample bottles were then submerged and filled at a depth of 
approximately 70 cm. A portion of this aliquot was transferred into a plastic beaker for pH and 
conductivity determinations, with the rest being discarded several metres from the sampling point in 
order to rinse the sample bottle. The sample bottle was submerged and filled again, with the “clean 
hands” person capping and double bagging the filled sample bottle. Collected samples were stored 
in an esky while in transit back to a clean laboratory where they were N2 pressure filtered through 
acid rinsed 0.45 µm membrane filters (Sartorius), and acidified to contain 0.2% v/v HNO3. Samples 
were stored refrigerated until analysis. 
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Table 2.1. Cleaning procedures for various laboratory equipment used in the ultra-trace analysis of aluminium and gallium 
EQUIPMENT DESCRIPTION EQUIPMENT USE CLEANING PROCEDURE 
LDPE (Nalgene) bottles 
(Various sizes – 250 mL to 1L) 
Sample collection and storage 
Three stage process as described by Angel et al., (2010): 
 Bottles and lids soaked in 2% v/v detergent (Extran) for ≥2 hours, then rinsed ≥5 times with high purity 
deionised water (Milli-Q) 
 Bottles and lids soaked in 10% v/v HNO3(Merck Tracepur) for ≥24 hours, then rinsed ≥5 times with Milli-
Q water 
 Bottles filled with 1% v/v HNO3 for ≥48 hours, rinsed ≥5 times with Milli-Q water then double bagged in 
zip-lock bags 
120 mL polycarbonate vials 
ICP-MS standard preparation, 
reagent storage, sample 
buffering for SPE 
Vials and lids were soaked for ≥24 hours in 10% v/v HNO3, rinsed ≥5 times with Milli-Q water, then allowed to dry 
in a ISO-5 laminar flow hood in a clean-room environment 
5 mL polypropylene vials 
ICP-MS analysis, collection of SPE 
eluent 
Vials and lids were soaked for ≥24 hours in 10% v/v HNO3, rinsed ≥5 times with Milli-Q water, then allowed to dry 
in a ISO-5 laminar flow hood in a clean-room environment 
60 mL syringes (Terumo) 
Sample delivery through SPE 
column 
Three stage process: 
 Syringe piston removed from cylinder and both pieces soaked in 2% v/v detergent (Extran) for ≥24 hours 
then rinsed ≥5 times with high purity deionised water (Milli-Q) 
 Syringe pistons and cylinders soaked in 10 v/v HCl for ≥24 hours then rinsed ≥5 times with high purity 
deionised water (Milli-Q) 
 Syringe pistons and cylinders soaked in 10 v/v HNO3for ≥24 hours, rinsed ≥5 times with high purity 
deionised water (Milli-Q) then allowed to dry in an ISO-5 laminar flow hood in a clean-room 
environment 
Pipette tips 
(0.2 mL, 1.0 mL and 5.0 mL) 
Reagent and sample 
manipulation, standard 
preparation 






2.3 Preparation of Reagents 
In the analysis of metals at ultra-trace concentrations, reagents themselves can often be a source of 
contamination at such low concentrations, meaning reagent purity is of upmost importance.  
All washing of equipment and preparation of reagents was carried out using ultra-pure deionised water (18 
MΩ.cm, Milli-Q, Millipore; herein referred to as Milli-Q water). High purity HNO3 (Merck Tracepur) used for 
the preservation (acidification) of samples, preparation of ICP-MS standards and in SPE and solvent 
extraction experiments was further purified through sub-boiling distillation in a perfluoroalkoxy (PFA) still 
(Savillex, USA). 
Calibration standards for ICP-MS analysis were prepared by dilution of certified single element stock 
solutions (AccuStandard, USA). A known mass of Milli-Q water was weighed into acid cleaned 
polycarbonate vials, the volume of which was calculated using the density of water at the temperature 
which it was weighed. Acid concentrations were matched to sample matrix concentrations (10% v/v HNO3) 
by addition of distilled HNO3. To this, known masses of certified aluminium and gallium stocks were added, 
with volumes calculated using the stock densities supplied. Precise standard concentrations were 
subsequently calculated using weight and density conversions. 
Matrix-matched seawater calibration standards for ICP-AES analysis were made in a similar manner as the 
ICP-MS standards described above, however they were fortified to contain 0.2% v/v HNO3, and in place of 
Milli-Q water, filtered Cronulla seawater was used, with a seawater density of 1.03 g.mL-1 being used to 
convert from mass to volume. 
All measurements of sample and reagent pH were made using a WTW pH 320 pH meter with WTW Sentix 
97T probe, which had been calibrated daily using pH 7 and pH 4 buffer solutions. Measurements of sample 





2.4 ICP-AES analysis 
While the quantification of aluminium and gallium from pre-concentrated samples was carried by ICP-MS, 
ICP-AES analysis was undertaken in the method development stages to gain important information about 
method performance. This analysis was carried out using an axially viewed ICP-AES (Varian 730-ES, Agilent 
Technologies, USA). During the analysis of seawater samples, matrix-matched seawater standards (see 
section 2.3 above) were used for calibration, while the ICP-AES was also equipped with a short, wide-bore 
torch (High solids, 2.3 mm injector, Glass Expansion, Australia) and nebuliser argon humidifier (Capricorn 
Humidifier with bypass, Glass Expansion, Australia) to prevent salt build-up on the ICP torch and plasma 
interface. 
Before each new day of analysis, the ICP-AES was turned on and allowed to “warm-up” for at least 1 hour. 
A solution of 5 mg.L-1 Mn was then aspirated, with the 257.610 nm emission line used to optimise the 
plasma torch position. The intensity of the Mn 257.610 nm emission line was recorded and compared to 
past values to ensure adequate instrument performance. Other instrument parameter settings are 
presented in Table 2.2. 
Along with aluminium and gallium, pre-concentration extracts underwent ICP-AES analysis for the common 
seawater elements sodium, calcium, magnesium and potassium, along with boron and barium which are 
potential interferences in the quantification by ICP-MS of aluminium and gallium, respectively. The 
emission lines used in these experiments along with typical detection limits, are presented in Appendix A. 
All processing of analytical data and generation of graphs was carried out using the Microsoft Excel 
spreadsheet program. 
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Nebuliser Type SeaSpray SeaSpray 
Replicates 3 3 






3 OPTIMISATION OF THE ICP-MS FOR 
QUANTIFICATION OF ALUMINIUM AND 
GALLIUMINTRODUCTION 
While Quadrupole ICP-MS (Q-ICP-MS) is a very effective and powerful analytical tool, as was highlighted in 
section 1.5.5 there are still some inherent difficulties to overcome in the quantification of both aluminium 
and gallium, particularly in marine waters. While pre-concentration steps successfully elevate analyte 
concentrations above the instrumental detection limits for both aluminium and gallium, they are not 
always successful in removing all non-target analytes, which may impart considerable error in the final 
result if the ICP-MS operating conditions have not been optimised. Optimisation of the ICP-MS detection 
method is of critical importance to the quantification of aluminium and gallium in marine waters, as it 
removes the need for unnecessarily large pre-concentrations factors and can reduce the impact of many 
potential interferents present in marine waters. This in turn reduces the amount of sample required and 
can greatly reduce the time required for analyte pre-concentration. For example, in the case of solid phase 
extraction (SPE), Biller and Bruland (2012) were able to quantify eight trace metals in marine waters using 
only a 10-fold pre-concentration factor, as quantification was carried out using an optimised high resolution 
ICP-MS. 
Aluminium is monoisotopic, meaning it has only one stable isotope available to facilitate quantification by 
ICP-MS. As a result, any isobaric (polyatomic) interference which this isotope is subject to must be dealt 
with to allow for accurate quantification. Common interferences on the 27Al isotope include 12C15N+, 13C14N+, 
1H12C14N+ and 11B16O+ (May and Wiedmeyer, 1998). The common use of nitric acid (HNO3), as well as any N2 
contamination in the argon plasma gas means that nitrogen is ubiquitous in ICP-MS analysis. Organic 
matter, dissolved CO2 and residual organic solvent are all potential sources of carbon and as a result, these 
carbon-nitrogen based polyatomics can produce significant interferences. 
Gallium is not mono-isotopic and has two stable isotopes of m/z 69 and 71, the relative abundances of 
which are 60.1% and 39.9%, respectively. Gallium suffers from polyatomic interferences on both of these 
isotopes (e.g. 35Cl16O18O+, 35Cl17O2
+ = 69Ga; 35Cl18O2
+, 36S17O18O+, 1H35Cl2
+ = 71Ga), however the extent of these 
polyatomic species  is much less pronounced than those for aluminium, as three atom polyatomic species 
are much less likely to reach the detector and contribute to the measured counts at either m/z ratio, as 
their increased size means they collide with and are broken up or deflected by other ions more easily than 
two atom species (Nelms, 2005). Gallium does however suffer doubly charged interferences from barium 
(Ba) and to a lesser extent cerium (Ce) and neodymium (Nd).  
In seawaters, the relatively high concentration of barium (mean = 14.5 µg.L-1) compared to gallium (mean = 
1.4 ng.L-1) (Bruland and Lohan, 2003) means that formation rates of the 138Ba2+ species as low as 1-2% could 




using the pre-concentration techniques described in sections 1.3 and 1.4, retention of as little as 1% 
ambient barium could still impart significant error on the 69Ga+ isotope. The m/z 71 isotope potentially 
suffers interference from the doubly charged 142Ce2+ and 142Nd2+ species which form quite readily (Ba, Ce 
and Nd have three of the lowest second ionisation potentials of all elements: 10.001 eV, 10.55 eV and 
10.55 eV, respectively). Both Ce and Nd however, are present at concentrations much lower than barium in 
seawater (0.5 – 10 ng.L-1, Donat and Bruland, 1995), meaning the influence of these doubly charged species 
is likely to be less significant. 
Numerous methods have been proposed for the removal of polyatomic and doubly charged ions in ICP-MS 
and include membrane desolvation (G. Minnich and S. Houk, 1998), alteration of plasma composition (Lam 
and Horlick, 1990) and the use of “cool” plasma (low plasma power) conditions (Bianchi et al., 2003; Sakata 
and Kawabata, 1994). One of the more recent developments in this field has been the use of multipole 
(typically hexapole or octopole) collision/reaction cells to remove isobaric interferences (Du and Houk, 
2000; Nelms, 2005; Tanner et al., 2002). 
Collision/reaction cells function by introducing a neutral gas into the ion path of the ICP-MS, which as the 
names suggests, then collide or react with analyte ions, thereby preventing non-target analytes from 
progressing into the quadrupole mass filter, or shifting the m/z ratio of the non-target ion so that it no 
longer interferes with the analyte of interest (Figure 3.1). 
 
Figure 3.1. Schematic diagram of ICP-MS fitted with a collision/reaction cell (adapted from Wilbur and Soffey, 2004) 
 
The selection of cell gas is critical to ensure efficient removal of isobaric interferences. The gas must be 
amenable to easy, controlled and reproducible introduction into the cell, and must also be of relatively low 
atomic or molecular mass in order to minimise collisional scattering (Nelms, 2005; Tanner et al., 2002). 
These requirements have resulted in helium (He) and hydrogen (H2) gases being commonly used in collision 




This study therefore aimed to optimise the Agilent 7500-CE ICP-MS, fitted with an octopole reaction system 
for the quantification of aluminium and gallium in seawaters. This was achieved by: 
 Optimisation of the cell gas flow rate into the collision/reaction cell through the monitoring and 
minimisation of key isobaric interferences such as oxide and doubly charged species (which also 
involved optimisation of the plasma power). 
 Comparing the performance of the collision/reaction cell at removing isobaric interferences on 27Al, 
69Ga and 71Ga using both H2 and He cell gases, to the performance in conventional “no cell gas” 
mode. 
 The effectiveness of each cell gas in removing interferent ions was then assessed. Based on the 







3.2.1 REAGENTS AND STANDARDS 
Separate 10 ug.L-1 solutions of barium, cerium and neodymium were prepared as interferent standards by 
serial dilution of 1000 mg.L-1 certified standards (AccuStandard, USA), and were fortified to contain the 
same acid concentration as solvent extracts or SPE elutions (10% v/v HNO3). Interferent boron standards 
(100 ug.L-1 and 4500 ug.L-1) were prepared by serial dilution of a 100 mg.L-1 certified standard 
(AccuStandard, USA), and were fortified to contain 10% v/v HNO3. These interferent stock solutions were 
analysed by ICP-AES to ensure any false aluminium or gallium signal observed was not simply as a result of 
contamination of the stock solution. 
An internal standard containing 400 ug.L-1 Rh, 800 ug.L-1 Sc and 80 ug.L-1 Ho, Y, Lu, Au 6Li and In, in 4% v/v 
HNO3, introduced through an on-line internal standard mixing block was used in all analyses. While it was 
not used as an internal standard in these experiments, it was used simply to mirror the typical analytical 
conditions used during quantification. 
3.2.2 INSTRUMENTATION 
All experimental analyses were carried out on an Agilent 7500ce ICP-MS fitted with a Micromist nebuliser, 
Scott Double Pass spray chamber and ShieldTorch. Due to the high acid concentration of samples (10% v/v 
HNO3), the instrument was fitted with the more resistant platinum interface cones. This also reduced the 
potential formation of a 58Ni13C+ polyatomic interference on the 71Ga isotope sometimes observed when 
nickel sampler and skimmer cones are fitted. Other instrumental settings are listed in Table 3.1. Hydrogen 
and helium cell gases of 99.999% (Coregas, Australia) purity were used in the collision/reaction cell.  
At the beginning of each day, the ICP-MS was turned on and allowed to “warm-up” for at least 1 hour. 
Optimisation of the ICP-MS plasma torch position, ion extraction lens voltages, carrier and make-up gases 
was carried out by aspiration of a solution containing 1 ug.L-1 of 7Li, Mg, Co, Y, Ba, Ce, Lu and Tl in 1% v/v 
hydrochloric acid to ensure counts across the mass range were within acceptable limits. Once the ICP-MS 
was tuned, the internal standard line was connected and the instrument was allowed to equilibrate for at 
least 30 minutes. Clean 10% v/v nitric acid was then aspirated for at least one hour to ensure washout of 
the tuning solution. 
3.2.3 EXPERIMENT PROCEDURE: CELL GAS FLOW RATE 
To optimise both the H2 and He flow into the collision/reaction cell, separate 10 ug.L
-1 solutions of Ba, Ce 
and Nd were aspirated into the ICP-MS and the formation of the interfering species monitored. For Ba and 
Nd, this involved monitoring the 138/69 (corresponding to 138Ba2+), and 142/71 (corresponding to 142Nd2+) 
m/z ratios, respectively, which allowed for the 138Ba2+/138Ba+ and 142Nd2+/142Nd+ ratios to be determined 
(this assessed their likely impact on the 69Ga and 71Ga isotopes). In the case of Ce, the same m/z ratios were 




156 m/z ratios. The ratio of 156/140 refers to CeO+/Ce+, and is commonly used in ICP-MS as a measure of 
oxide and polyatomic species formation. This is as Ce is one of the most easily oxidised elements, with the 
resultant oxides having one of the highest monoxide bond strengths (Gray, 1986). Hence a “worst case 
scenario” of oxide and polyatomic formation can be ascertained from the 156/140 ratio (Simpson et al., 
2001). 
These ratios were first measured with no cell gas to establish “baseline” or “normal” conditions. H2 or He 
gas was then bled into the collision/reaction cell at 1.0 mL.min-1 intervals up to a maximum of 6.0 mL.min-1, 
while recording the ratios of Ba, Ce and Nd doubly charged and the CeO/Ce ratio. Additionally, the counts 
of the 115In internal standard were measured at each cell gas flow rate to measure the relative change in 
sensitivity. The instrument was allowed to equilibrate at each cell gas flow rate for at least 30 seconds prior 
to data acquisition. 
The effectiveness of a mixture of H2 and He cell gases was also investigated, as based on the results of Du 
and Houk (2000), a combined flow of He gas at 5.0 mL.min-1 and H2 gas at 2.0 mL.min
-1 was found to be 
optimum in the reduction of oxide species. In order to assess these conditions, both H2 and He gas flows 
were set at 2.0 mL.min-1. Separate 10 ug.L-1 solutions of Ba, Ce and Nd were aspirated, with the same 
isotopes and ratios being measured as described above. The He gas flow was then increased at 1.0 mL.min-1 
increments, and following at least 30 seconds of stabilisation time at each flow rate, the aforementioned 
isotopes and ratios were measured. The flow of He was increased up to 5.0 mL.min-1, with the H2 gas flow 
remaining unchanged. These gas flows were seen to be the upper limit of collision/reaction gas flow, as 
above these gas flows, sensitivity is severely reduced. Other typical operating conditions are listed in Table 
3.1. 
Table 3.1.ICP-MS operating parameters for the analysis of aluminium and gallium 
ICP PARAMETERS 
 
   
 
Plasma power (W) 1550 
 
 
Sampling Depth (mm) 9.0 
 
 
Carrier gas flow (L.min
-1
) 0.95 - 0.98 
 
 
Make-up gas flow (L.min
-1
) 0.14 – 0.17 
 
 




COLLISION/REACTION CELL PARAMETERS 
 
NO GAS MODE H2 MODE He MODE 
 
H2 gas flow (mL.min
-1
) --- 1.0 - 6.0 --- 
 
He gas flow (mL.min
-1
) --- --- 1.0 - 6.0 
 
Octopole bias (V) -6.0 -19.0 -20.0 
 
Quadrupole bias (V) -3.0 -17.0 -16.0 
SIGNAL MEASUREMENT PARAMETERS 
    
 
Acquisition mode Scanning 
  
 
Integration time per peak (s) 0.3 - 1.0 
  
 





3.3 RESULTS AND DISCUSSION 
3.3.1 PLASMA POWER OPTIMISATION 
Before any gas was used in the collision/reaction cell, the cell was operated in no gas mode to allow for the 
optimisation of plasma RF power. Figure 3.2 shows the relevant doubly charged ratios of Ba, Ce and Nd, as 
well as the cerium oxide ratio as a measure of oxide and polyatomic formation, as a function of plasma 
power. The doubly charged ratios of both Ce and Nd, as well as the CeO/Ce ratio all decreased with 
increasing plasma RF power. The doubly charged Ba ratio however remained almost unchanged with RF 
power, with a slight decrease at 1200 – 1300 W. The CeO/Ce ratio is plotted to only 1200 W for clarity, as 
below this power, oxide ratios increased to 11% at 1100 W, then to over 100% at lower RF power. 
Figure 3.2 also shows the relative counts for the 115In internal standard (relative to counts at 1550 W), 
which are much greater at higher plasma RF power. This increased ionisation efficiency results in increased 
sensitivity, which improves instrumental detection limits. Given both oxide and doubly charged species 
were reduced and that sensitivity was greatly improved at higher plasma RF power, a plasma RF power of 
1550 W was chosen for subsequent optimisation of the collision/reaction cell. 
 
Figure 3.2. Optimisation of ICP-MS plasma RF power (no cell gas) for aluminium and gallium quantification by 
minimisation of doubly charged and polyatomic interferences 
While “cool” plasma techniques have been used previously to remove polyatomic interferences in ICP-MS, 
they have primarily been used to remove argon (Ar) based polyatomic interferences such as 40Ar16O+ on 
56Fe+, 40Ar35Cl+ on 75As+ and 40Ar40Ar+ on 80Se+. As the ionisation potential of Ar (15.8 eV) is much higher than 








































greatly reduced, while matrix and analyte ions make up a greater proportion of the dominant ion species in 
the plasma (Nelms, 2005). 
As cerium oxide has one of the highest monoxide bond strengths (Gray, 1986), it is of little surprise that 
higher plasma RF power, and therefore highest ionisation efficiency, results in the CeO species being 
broken more effectively. While CeO does not form any isobaric interference on either Al or Ga, it is used as 
a “worst case scenario” indicator of oxide and polyatomic formation in ICP-MS. Therefore if CeO is reduced 
at higher plasma RF power, it is likely that oxide and polyatomic interferences affecting Al and Ga would 
also be minimised (Simpson et al., 2001). 
The steady reduction in the doubly charged ratios of Ce and Nd with increasing plasma RF power is 
consistent with published literature in this field (Gray et al., 1987; Gray and Williams, 1987). This is in 
contrast however, to the slight observed increase in the Ba doubly charged ratio from 1200 to 1550 W. This 
is likely due to the increase in plasma temperature associated with the increase in RF power, which has 
been shown to have a positive influence on doubly charged formation (Pupyshev and Semenova, 2001).  
The decrease in Ce and Nd doubly charged species, along with the decrease in oxide species and increased 
ionisation efficiency resulted in a plasma RF power of 1550 W being chosen for all subsequent optimisation 
and analysis. 
3.3.2 CELL GAS FLOW RATES 
Subsequent to the selection of plasma RF power, the effect of H2 and He collision/reaction cell gases on 
doubly charged and polyatomic interferences was investigated. Figures 3.3 and 3.4 show the response of 
the doubly charged and oxide species, along with the relative intensity of the 115In internal standard (on 
secondary axis) for the H2 and He cell gases, respectively. Increasing the flow of H2 gas greatly reduced the 
observed doubly charged barium ratio from around 2% with no cell gas, to 0.4% with a cell gas flow of 6.0 
mL.min-1. However, there was no marked decrease in oxide ratio with increasing flow of H2 into the cell 
(Figure 3.3). Additionally, sensitivity did not appear to be greatly compromised by the addition of H2 cell 
gas, with ≈75% of the no gas 115In signal observed at the highest trialled H2 flow of 6.0 ml.min
-1. The 
138Ce2+/138Ce+ ratio is plotted at 5.0 and 6.0 mL.min-1 H2 gas flow only for clarity, as below 5.0 mL.min
-1, this 
ratio rose to over 5% (Figure 3.3).  
The case for He cell gas is markedly different to that of H2 cell gas. The doubly charged ratios of 
142Ce, 142Nd 
and most significantly 138Ba all increased with increasing He gas flow into the cell (Figure 3.4). There was 
however a clear reduction in the cerium oxide to cerium (CeO+/Ce+) ratio with increasing He gas flow. There 
was also a substantial reduction in sensitivity, as indicated by the reduction of the 115In signal to 2% of the 































































































A comparison of the doubly charged and oxide ratios in H2, He and no cell gas modes (Figure 3.5) clearly 
shows that doubly charged ratios are greatly reduced in H2 mode and are substantially increased in He 
mode. Oxide ratios are notably lower in He mode than both H2 and no gas modes, however sensitivity is 
greatly reduced when 6.0 mL.min-1 of He gas is pumped into the cell.  
 
Figure 3.5. Comparison of doubly charged and oxide ratios with hydrogen, helium and no cell gas at 1550 W RF 
power 
The variation in performance seen in the different cell gas setups (Figure 3.5) can be explained by the 
different ways in which they are designed to operate. The use of the non-reactive He gas in the cell 
(collision cell1) removes polyatomic interferences though the processes of kinetic energy discrimination 
(KED) and to a lesser extent, collision induced dissociated (CID). The theory of CID involves polyatomic 
species colliding with the inert He gas, converting some of the kinetic energy to internal energy which, in an 
ideal circumstance is greater than the bond energy of the polyatomic species, causing it to dissociate 
(Tanner et al., 2002). In practice however, it has been found that CID plays a much less significant role in 
attenuating polyatomic species than KED (Bandura et al., 2001). 
By their nature, polyatomic species are physically larger in size than an ion of the same m/z ratio. As a 
result, polyatomic species are more likely to collide with a collision cell gas (such as He), subsequently 
losing more kinetic energy than a single ion. Polyatomic species are then selectively removed by a relative 
positive voltage step from the octopole collision cell exit to the quadrupole entrance. As the polyatomic 
species have lost kinetic energy through collisions with He atoms, they are less likely to be transmitted 
across this voltage step, whereas the single ion species, possessing greater kinetic energy (and therefore 
velocity) are preferentially transmitted to the quadrupole and detector. 
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While the KED process efficiently removes polyatomic interferences, it was believed responsible for the 
enhancement of doubly charged ratios. Given that it is a negative voltage which is accelerating ions through 
the collision cell, a doubly charged ion M2+ will have the same mass as the singly charged M+, however as it 
also has twice the charge of M+ it will be moving faster through the cell, as it is drawn through the cell with 
greater force. Given kinetic energy is proportional to both mass and velocity, it is clear that the M2+ ion will 
have more kinetic energy than the M+ ion. The additional kinetic energy of M2+ ion means it is more likely to 
pass through the cell and overcome the relative positive voltage bias required to enter the quadrupole and 
hit the detector, when compared to M+.  
Additionally, the ionic radius of a doubly charged species is smaller than that of a singly charged species 
(which is in turn smaller than the radius of the atom form which it was formed) (Brown, 2007; Shriver and 
Atkins, 2006). This smaller ionic radius combined with the greater speed at which the doubly charged ions 
are travelling at compared to the singly charged species, results in a smaller collision diameter and 
therefore a lower collision frequency (Atkins, 1994), meaning a doubly charged ion would collide less often 
with the He cell gas than a singly charged ion. This KED and reduced collision diameter simply results in M2+ 
being more effectively transmitted to the quadrupole and detector than M+, it does not cause the 
formation of more M2+ ions. 
The use of H2 gas in the reaction cell setup performed quite differently in removing interferences when 
compared to the He collision cell gas setup. The cerium oxide to cerium (CeO+/Ce+) ratio remained almost 
constant with increasing H2 gas flow, while the doubly charged ratios decreased substantially above 3.0 
mL.min-1 H2 cell gas flow. Additionally, there was little reduction in the 
115In signal with increasing H2 gas 
flow into the cell. This is in general agreement with earlier studies (Koppenaal et al., 2004), as H2 has been 
found to be a selective reaction gas, favouring reactions with Ar based species over many metal species 
(Eiden et al., 1996). 
The decrease in doubly charged species with increasing H2 gas flow into the reaction cell observed in this 
study is not well documented in the literature. In fact, studies of attenuating doubly charged interferences 
in general are far less well documented than oxide and polyatomic interferences, due to the relatively small 
amount of elements which experience considerable interference from them. It has been shown however, 
that the reaction rates of doubly charged species are typically greater than for the equivalent singly 
charged species (Hattendorf and Günther, 2001). Additionally, it has been proposed that as doubly charged 
species have a greater charge density than singly charged species, there is an enhanced charged-induced 
dipole potential which results in more collisions and therefore more reactions with the H2 cell gas (Tanner 
et al., 2002). It is these charge transfer reactions (Equation 3.1) that are believed to be responsible for the 
substantial decrease in doubly charged species in H2 mode. 
M2+ + H2  →  M
+ + H2




Additionally, the use of a mixture of cell gases in reducing doubly charged and polyatomic species was 
investigated (Figure 3.6), as Du and Houk (2000) showed that a mix of H2 and He cell gases can effectively 
attenuate metal oxides in the collision cell . In contrast to increasing He gas flow rates in the absence of H2 
gas, there was no change in doubly charged species with increasing He gas flows when H2 gas was 
simultaneously bled into the collision/reaction cell. Increasing He gas flow either in the presence or 
absence of H2 gas, resulted in not only a dramatic decrease in oxide species, but also a dramatic decrease in 
the sensitivity of the 115In internal standard. 
 
Figure 3.6. The combined effect of He and H2 (2.0 mL.min
-1
) cell gases on doubly charged and oxide formation at 
1550 W RF power 
The combined use of He and H2 cell gases did not reduce oxide species any more than the sole use of He 
cell gas. As there was an even greater reduction in the intensity of the 115In signal using a combination of 
cell gases, this cell setup was not deemed useful for the quantification of Al or Ga. This finding is in 
agreement with that of Clemmer et al., (1993) and Du and Houk (2000) who found that the combination 
use of H2 and He cell gases are not appropriate for the removal of oxide interferences of all elements. 
Increasing cell gas flow rates not only had notable effects on doubly charged and oxide removal, but had 
considerable effects on sensitivity. Highlighted best in He mode (Figure 3.4), the response of the 115In ion 
decreased significantly as He gas flow into the cell was increased. This reduction in sensitivity has important 
consequences for analyte detection limits, most notably for aluminium (Table 3.2). While He mode was 
shown to greatly reduce oxide and polyatomic species formation (Figure 3.4) (which are the main 
interferences seen for aluminium), it also resulted in a severe increase in the detection limit for aluminium, 
17 times greater than with no cell gas and 6.5 times greater than with H2 cell gas. In contrast, there was 
only a slight increase in the LODs for both gallium isotopes in H2 and He cell gas modes suggesting that H2 
mode, with its ability to greatly reduce doubly charged formation while not significantly hampering 
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Table 3.2. Analyte detection limits in various ICP-MS cell gas modes 




H2 He No Gas 
27
Al 40 260 15 
69
Ga 20 20 10 
71
Ga 20 20 10 
(LOD calculated as 3σ of 7 replicate blank samples) 
As is indicated in Table 3.2, the use of the collision/reaction cell increases the detection limit of the ICP-MS 
for both aluminium and gallium. This means that for the quantification of ultra-trace concentrations of both 
these elements, it would be preferable to do so in the no cell gas tune mode where the interferences on 
aluminium and gallium are low enough to warrant this. It would therefore be necessary to monitor the 
concentrations of common interfering species in such as boron for aluminium; and barium, cerium and 
neodymium for gallium in the pre-concentrated solutions obtained from either solvent extraction or SPE 
procedures, and assess the likely false contributions to the measured aluminium and gallium 
concentrations these interferents are making. 
An indication of the magnitude of these interferences is presented in Tables 3.3 and 3.4, where separate 
solution of boron, barium, cerium and neodymium were analysed and the “false” aluminium and gallium 
concentrations recorded (NB: these solutions were also analysed by ICP-AES to ensure the results reported 
were not simply as a result of contamination). 
Table 3.3. False aluminium concentrations from boron polyatomic interferences with three different cell gases 




H2 He No Gas 
100 µg.L
-1
 B 170 150 170 
4500 µg.L
-1
 B 340 530 700 
 
Table 3.4. False gallium concentrations from doubly charged barium, cerium and neodymium 




















 Nd ND ND ND 970 ND 20 
10 µg.L
-1
 Ce ND ND ND 730 ND 40 
10 µg.L
-1
 Ba 180 ND 6720 ND 410 ND 
ND = not detected (i.e. <LOD – see Table 3.2 for element and tune specific LODs). 
 
In terms of the boron oxide interference on aluminium, it is clear that at natural seawater boron 




and to a lesser extent, H2 and He modes (Table 3.3). ICP-AES analysis confirmed that the boron stock 
solution from which these interference standards were prepared was free from aluminium contamination. 
The false aluminium concentration caused by 4500 µg.L-1 B in both He and no gas tune modes actually 
exceeds the ANZECC low reliability trigger value for aluminium of 500 ng.L-1 (or 0.5 µg.L-1) 
(ANZECC/ARMCANZ, 2000).  
The case for gallium is quite similar, with barium doubly charged species contributing significantly to false 
counts for the 69Ga isotope in all tune modes, particularly in He mode (Table 3.4). The 71Ga isotope suffers 
less so from cerium and neodymium doubly charged interference, most likely due to their slightly higher 
second ionisation potentials compared to barium, resulting is less false signal. These elements are also 
much less abundant than barium in marine waters, so the contribution of doubly charged interferences on 
71Ga would be much lower than those of barium on 69Ga. As a result, despite being less abundant, the 71Ga 
isotope would be more suitable to use for the quantification of gallium. These results clearly highlight the 




This study has found that for the Agilent 7500-CE, the use of H2 gas flowing into the cell at 6.0 mL.min
-1 is 
optimal for the quantification of gallium, which can suffer significant interference from the doubly charged 
species of Ba, Ce and Nd. The use of He gas appears to substantially reduce oxide and polyatomic 
interferences, which are the major hindrances to the quantification of aluminium by ICP-MS. Due to the 
significant decrease in sensitivity in He mode however, this may not be suitable for determining ultra-trace 
concentrations of aluminium. When the lowest detection limit available is desired quantification should be 
carried out in either H2 or no cell gas modes. Concentrations of interferent ions of boron, barium, cerium 
and neodymium should also be assessed and consideration given to their likely contribution to the 





4 LIQUID-LIQUID SOLVENT EXTRACTION OF 
ALUMINIUM AND GALLIUM COMPLEXES FROM 
MARINE WATERS 
4.1 INTRODUCTION 
Despite the development of sensitive analytical instruments such as ICP-MS, the quantification of metals at 
ultra-trace concentrations in marine waters can be quite difficult, where the combination of low analyte 
concentrations and high total dissolved solids (TDS) concentrations pose significant analytical challenges. 
One historically popular method used to overcome these problems is the liquid-liquid solvent extraction 
technique. 
The application of the liquid-liquid solvent extraction technique for aluminium quantification is best 
highlighted by the work of Orians and Bruland (1986; 1988b). Their development of an 8-
hydroxyquinoline/chloroform extraction system remains one of the most highly cited techniques for ultra-
trace aluminium quantification in marine environments, and formed the basis of the liquid-liquid solvent 
extraction technique used in this study. While the overall aim of this study was to develop pre-
concentration procedure not dependent on the use of hazardous organic solvents, it was desirable to have 
a functioning, classical technique to compare any new method against. 
In this study, a number of modifications were made to the methods of Orians and Bruland (1986; 1988b).  
Due to the human and environmental health concerns associated with the chloroform (it is a suspected 
carcinogen (Davidson et al., 1982; Merck Millipore, 2012)), it was replaced with the (somewhat) less 
hazardous 1,1,1-trichloroethane solvent, which has been used extensively in the pre-concentration of other 
metals from marine waters (Angel et al., 2010; Apte et al., 1998; Apte and Gunn, 1987). An extensive 
investigation into the efficacy of this modified procedure for the pre-concentrations of aluminium and 
gallium was undertaken. 
4.2 METHODS 
4.2.1 PREPARATION OF REAGENTS 
As 1,1,1-trichloroethane is an ozone depleting substance, its production is strictly controlled under the 
Montreal Protocol (Department of Sustainability, 2013). It is however, still used in solvent extraction 
procedures for the pre-concentration of a number of metals in marine waters. This has required existing 
stocks of the solvent to be continually recycled, preventing its release into the environment while allowing 
for its continued use in solvent extraction procedures. Waste 1,1,1-trichloroethane from previous solvent 
extraction work carried out at CSIRO Land and Water, Lucas Heights, was cleaned and re-used for this work 
as per the procedure described by Armarego and Chai (2003). In brief, this involved two sequential washing 
cycles of 10% v/v HCl, 5% NaHCO3 and 10% w/v NaCl, followed by drying of the solvent with anhydrous 




A solution of 0.45% w/v 8-hydroxyquinoline (8-HQ, commonly known as oxine) and 3% v/v acetic acid 
solution was prepared by weighing 0.45 g of 8-hydroxyquinoline (Merck-Millipore) into an acid washed 100 
mL volumetric flask, to which 3 mL of glacial acetic acid (Merck-Millipore) was added, before making up to 
volume with Milli-Q water. A 0.05% w/v 8-hyydroxyquinoline/1,1,1-trichloroethane solution was prepared 
by weighing 50.0 mg of 8-hydroxyquinoline into a perfluoroalkoxy (PFA) bottle, to which 100 mL of 1,1,1-
trichloroethane was added. A spiking solution of 25 mg.L-1 Al and 5 mg.L-1 Ga was prepared by serial 
dilution of 1000 mg.L-1 certified stock solutions (AccuStandard, USA). 
Solvent extractions were carried out in 500 mL polytetrafluoroethylene (PTFE) separating funnels, which 
had been acid washed by soaking in 50% v/v HNO3 for ≥48 hours. Organic extracts were initially transferred 
into 50 mL fluorinated ethylene propylene (FEP) centrifuge tubes (Oak Ridge, Thermo Scientific) in which 
trial back extractions were performed. After some unsuccessful trials, future organic extracts were 
transferred into 25 mL glass round bottom flasks, which along with glass boiling beads and Rotovapor 
adapters, had previously been acid washed. 
4.2.2 GENERAL PROCEDURE 
Samples of filtered coastal seawater were acidified to contain 0.2% v/v HNO3 (pH ≈ 1.5) ≥24 hours prior to 
extraction. A 250 g aliquot of sample was weighed into a separating funnel and 100 µL of metal spiking 
solution added (where applicable). This solution was buffered to pH 6.0 by addition of small volumes of 
dilute NH4OH solution, then 1 mL of 0.45% 8-hydroxyquinoline solution added and mixed well. The 
aluminium and gallium complexes formed were then extracted with 2 x 8 mL aliquots of 1,1,1-
trichloroethane (the first aliquot contained 0.05% w/v 8-hydroxyquinoline). These two extracts were then 
combined either in a 50 mL FEP vial or a 25 mL round bottom flask with stopper. Extracts transferred into 
50 mL FEP vials underwent back-extractions, whereby 1 mL of concentrated HNO3 was added and mixed 
well, before being diluted to 10 mL with Milli-Q water, a sub-sample of which was analysed by ICP-MS. 
Extracts which were transferred into 25 mL round bottom flasks underwent solvent removal using a rotary 
evaporator, leaving a residue of metal oxinates to which 1 mL of concentrated nitric acid was added and 
diluted to 10 mL with Milli-Q water, with a sub-sample analysed by ICP-MS. 
4.3 RESULTS 
4.3.1 INITIAL BACK EXTRACTION EXPERIMENT 
While the original Al extraction method of Orians and Bruland (1986) required the organic solvent extracts 
to be evaporated to dryness, an attempt was made to avoid this step. Due to the ozone depleting nature of 
1,1,1-trichloroethane, evaporation of this solvent was not desirable. This was achieved by performing a 
direct back-extraction similar to that described by Apte et al. (1998) and Angel et al. (2010; 2012), whereby 
1 mL of concentrated HNO3 acid was added to the 1,1,1-trichloroethane extract, shaken for 2 minutes then 
allowed to sit for an hour before being diluted with 9 mL of Milli-Q water and shaken for an additional 1 




A sample of the aqueous layer was taken and analysed by ICP-MS using the optimised operating conditions 
established in Chapter 3. Spike recoveries were 32 ± 2% for aluminium and 96 ± 5% for gallium, clearly 
showing that this method of back-extraction is quantitative for gallium, however is not quantitative for 
aluminium. 
To determine whether all the spiked aluminium had been complexed and transferred into the organic 
solvent, or whether a portion remained in the seawater sample, a sample of the already extracted spiked 
seawater was analysed by ICP-AES using matrix-matched seawater standards and the method described by 
Angel et al., (2012). As the concentration of aluminium in the spiked seawater was 10 µg.L-1, of which 63% 
was unaccounted for from the spike recovery, this would equate to approximately 6 µg.L-1 aluminium if it 
remained in the seawater matrix, sufficiently above the 1 µg.L-1 detection limit obtainable using the ICP-AES 
method of Angel et al., (2012). The results of this mass balance experiment however indicated that all the 
spiked aluminium had been transferred into the organic solvent (i.e. the measured Al concentration in the 
already extracted seawater was below the detection limit). This implied that the low spike recovery of Al 
was due to the back-extraction procedure not quantitatively transferring aluminium from the organic 
solvent into the aqueous acid phase. This was likely due to the strength of the aluminium-oxinate bond, 
warranting the more rigorous “digestion” procedure described by Orians and Bruland (1986), in which the 
solvent is first evaporated prior to the addition of acid. 
4.3.2 SEPARATION OF THE ALUMINIUM-OXINATE COMPLEX FROM THE 1,1,1-
TRICHLOROETHANE SOLVENT 
The next phase investigated if evaporation of the solvent and digestion of the remaining complex would 
liberate the unrecovered aluminium. As 1,1,1-trichlororethane is an ozone depleting substance, it was 
necessary to evaporate and recapture this solvent, preventing its release into the atmosphere and allowing 
for it to be recycled. This was achieved using a vacuum rotary evaporator (Buchi Rotovapor R) and heating 
bath to evaporate the 1,1,1-trichloroethane from 25 mL glass round bottom flasks (a water bath 
temperature of 90°C was used). Following solvent evaporation, a yellow solid remained in the bottom of 
the flask. Upon the addition of concentrated acid, acid vapours on the outside of the pipette tip caused a 
precipitate to form on the rim of the glass joint (Figure 4.1). Milli-Q water was added to dilute the 
concentrated acid to 10% v/v, in such a way as to wash this precipitate down into the flask. However, the 
precipitate was not water soluble, suggesting that it was a water insoluble metal-oxinate complex. All the 
yellow precipitate which had formed inside the round bottom flask did dissolve in the 10% v/v HNO3 
solution added to the flask. 
Analysis of the 10% v/v HNO3 solution returned spiked recoveries of 76% for aluminium and 86% for 
gallium, again suggesting that this precipitate could be an aluminium and/or gallium-oxinate complex. A 
small quantity of this precipitate was scraped from the glass joint and digested in 5 mL of 10% v/v HNO3 




ICP-AES results indicated however that aluminium and gallium were below the instrumental detection 
limits of 0.2 µg.L-1 and 2.0 µg.L-1, respectively. Given that a simple acid addition resulted in quantitative 
recovery of gallium, whereas the evaporative step resulted in lower spike recoveries, it was thought that 
the low spike recoveries for both aluminium and gallium in the evaporative steps are from evaporative 
losses, with both complexes being transported up through the rotary evaporator setup. 
 
Figure 4.1 Formation of a yellow precipitate on glass joint upon addition of nitric acid to the round bottom flask 
from which 1,1,1-trichloroethane was evaporated 
While these results do not confirm that the precipitate formed is an aluminium or gallium-oxinate complex 
and therefore responsible for the low spike recoveries, the formation of this precipitate on the glass joint 
does show that it was possible that 8-hydroxyquinoline and its metal complexes were transported from the 
boiling flask up through the rotary evaporation system, explaining the low spike recoveries observed.  
While aluminium-oxinate complexes do sublime (a feature which is utilised in the preparation of organic 
light emitting diodes), much higher temperatures (400°C) than those used in the solvent evaporation step 
are required for aluminium-oxinate sublimation to occur (Braun et al., 2001; Wang et al., 2007). 
4.4 CONCLUSION 
A number of significant practical obstacles were encountered in the application of a liquid-liquid solvent 
extraction method for quantification of aluminium and gallium in marine waters in this study. These 
included difficulties in extracting aluminium and gallium complexes from the 1,1,1-trichloroethane solvent 
into an aqueous acid phase, the low spike recoveries and the lengthy time periods required to perform the 
extraction and evaporation steps. Given the time constraints of this study, it was decided that 
quantification of aluminium and gallium by liquid-liquid solvent extraction would be abandoned in favour of 




5 SOLID PHASE EXTRACTION OF ALUMINIUM AND 
GALLIUM FROM MARINE WATERS 
5.1 INTRODUCTION 
Due to the continued industrialisation of harbours and coastal waters, the marine environment is at 
increasing risk of exposure to anthropogenic contaminants. While aluminium is the third most abundant 
element in the lithosphere (Taylor, 1964), its concentration in marine waters is typically quite low (see 
Section 1.1.1). This coupled with interferences arising from the salt water matrix, means that quantification 
of metals in marine waters poses some significant analytical challenges (Apte and Gunn, 1987). Many 
analytical instruments such as AAS, ICP-AES and ICP-MS are unable to accurately quantify elements at ultra-
trace concentrations in marine waters.  
In the case of aluminium quantification, many of the current routine analytical approaches (e.g. Angel et al., 
(2012); EHP (2012f)) cannot achieve the detection limits required to measure aluminium concentrations at 
or below the current ANZECC marine Environmental Concern Level (ECL) of 0.5 µg.L-1 (ANZECC/ARMCANZ, 
2000). This necessitates the development of a simple, relatively rapid and high throughput matrix 
removal/pre-concentration step for the accurate quantification of aluminium in marine waters, capable of 
being applied as part of routine water quality studies. There is also a need to obtain reliable data on gallium 
concentrations in marine waters, as it is typically overlooked in water quality surveys. Being chemically 
similar to aluminium, it should be possible to simultaneously pre-concentrate and quantify both elements.  
Solid Phase Extraction (SPE) is a technique which has been successfully used to pre-concentrate both 
aluminium (Brown and Bruland, 2008; Resing and Measures, 1994) and gallium (Orians and Boyle, 1993; 
Orians and Bruland, 1988b) in marine waters. The significant advantages of SPE over solvent extraction are 
that no hazardous organic solvents are required, and the need for repetitious manual sample mixing for 
prolonged periods is removed. While early studies required large pre-concentration factors (due to 
instrumental limitations) and therefore large sample loading volumes (up to several litres), advancements 
in analytical instruments has allowed more recent work to focus on the development of miniaturised SPE 
columns, allowing sample loading volumes of as little as 50 mL to be used, greatly reducing sample loading 
times (Brown and Bruland, 2008; Rahmi et al., 2007). 
Iminodiacetic acid (IDA) based resins (e.g. Chelex-100, Toyopearl AF-Chelate-650M) have been used to pre-
concentrate both aluminium (Brown and Bruland, 2008; Brown et al., 2010) and gallium (Orians and 
Bruland, 1988b; Rao, 1995; Zhu et al., 2005) from marine waters, however there has been no studies on the 
simultaneous pre-concentration of both. It is therefore the aim of this study to develop a rapid, high-
throughput yet simple SPE method for the pre-concentration of aluminium and gallium from marine 






Reagents used for method optimisation  
Reagents including ammonium acetate solutions, ammonium hydroxide and acetic acid were used as 
received with no cleaning steps performed. Ammonium acetate solutions of various concentrations (0.1 M, 
1.0 M and 2.0 M) were prepared by diluting the required masses of solid (Merck-Millipore) with Milli-Q 
water, then  adjusting the pH using small volumes of either glacial acetic acid (17 M, Merck-Millipore) or 
50% v/v ammonium hydroxide (≈7 M, Finechem) as required. 
Reagents used for ultra-trace analysis 
In quantifying aluminium and gallium at ultra-trace concentrations, reagents required cleaning prior to use. 
The concentrated ammonium hydroxide solution (aqueous NH3 14.2 M, Ajax Finechem) was purified by 
isothermal distillation, whereby 250 mL of concentrated NH4OH solution was placed into an empty 
desiccator, along with an acid washed polyethylene bottle containing 250 mL of Milli-Q water and left to 
equilibrate for 72 hours (Armarego and Chai, 2003). The resultant molar concentration at equilibrium 
should be approximately half of the initial concentration (i.e. ≈7 M), but for this work, the exact 
concentration was not important. 
Solutions of ammonium acetate (0.1 M and 1.0 M) (CH3COONH4) were prepared by diluting the required 
amount of ammonium acetate solid (Merck-Millipore) with Milli-Q water, before being adjusted to pH 5.5 
using small volumes of glacial acetic acid (Merck-Millipore). These solutions were then “column cleaned” to 
remove any aluminium and gallium impurities in the solid ammonium acetate or acetic acid. This was 
achieved by passing the solution through a clean column of Chelex-100 resin, allowing the first 15 mL to go 
to waste and collecting the remaining eluate. This solution was prepared fresh fortnightly, or more 
regularly if required. 
A 2.0 M ammonium acetate solution used for buffering acidified samples was prepared by diluting solid 
ammonium acetate with Milli-Q water, adjusting to pH 5.5 ± 0.1 with glacial acetic acid, then column 
cleaned as per the procedure described above. Post cleaning, the pH of this solution was adjusted to pH 9.0 
by addition of isothermally distilled ammonium hydroxide solution. This solution was prepared fresh 
monthly, or more regularly if required.  
A spiking solution of 25 mg.L-1 Al and 5 mg.L-1 Ga was prepared by serial dilution of certified 1000 mg.L-1 
single element stock solutions (AccuStandard, USA) and was prepared fresh every three months. 
5.2.2 RESIN AND COLUMN PREPARATION 
The resin used in this study was Chelex-100, a styrene divinylbenzene copolymer with paired iminodiacetic 
acid (IDA) functional groups which act as chelating ligands in binding polyvalent metal ions (Bio-Rad 




beads, which in turn influences the packing density of the beads. Beads of a resin of size 50-100 mesh will 
be larger than those of a 200-400 mesh resin. Smaller bead sizes result in a higher resin bead density, 
leading to greater adsorption capacities per unit volume of resin (which is desirable). As quantitative 
recovery was required, the 200-400 mesh was deemed to be the most appropriate for this study. 
Approximately 10 g of dry resin in its sodium form (Na counter ion) was combined with approximately 20 
mL of Milli-Q water, and allowed to soak for ≥24 hours to make a wet slurry of resin. The Milli-Q water was 
then decanted and the resin slurry cleaned by soaking in 10% v/v HCl (Tracepur®, Merck) for 5 days. This 
was followed by soaking in Milli-Q water for ≥24 hours. Prior to loading the resin into the column, the resin 
was converted to the ammonium form (NH4
+ counter-ion) by soaking the resin in 0.1 M ammonium acetate 
(pH 5.5) (CH3COONH4) for ≥24 hours (Rahmi et al., 2007). Polypropylene columns (Supelco, Sigma-Aldrich, 
USA) with an internal volume of approximately 0.5 mL (Figure 5.1) were used to house the chelating resin, 
while polyethylene frits with a pore size of 20 µm were used to retain the resin within the column. 
 
Figure 5.1. Polypropylene mini column used to house Chelex-100 resin 
The columns and frits were acid washed by soaking in 10% v/v HNO3 for ≥24 hours, followed by rinsing with 
copious amounts of Milli-Q water. One of the frits was placed in the bottom of the column before a known 
weight of wet slurry (≈0.6 g for optimisation experiments) was loaded into the column. The second frit was 
then placed above the resin and the column cap fitted. Based on the ion exchange capacity of the Chelex-
100 resin (2.4 meq/g dry weight (Abollino et al., 1998)), a wet resin mass of ≈0.6 g was expected to be 
ample for quantitative recovery of both aluminium and gallium from a 50 mL sample of seawater.  
5.2.3 PUMP AND COLUMN SETUP 
The pump system chosen for this work utilised a single channel syringe pump (NE-300, New Era Pump 
Systems, USA) mounted vertically on a purpose built wooden stand (to prevent metal contamination), with 
all work carried out in a laminar flow cabinet (Figure 5.2). This pumping arrangement allowed for syringes 





Figure 5.2. (A) Syringe pump setup used for the solid phase extraction (SPE) of aluminium and gallium; (B) close up 
of syringe connection to SPE mini column 
5.2.4 OPTIMISATION OF METHOD PARAMETERS 
While IDA based resins have been used for the pre-concentration of a wide range of metals from seawater 
including aluminium and gallium, the Chelex-100 resin has not been optimised and used for the 
simultaneous pre-concentration of both from marine waters. This necessitated the optimisation of a 
number of important method parameters including column and sample loading pH, sample flow rate, 
elution volume, the removal of non-target analytes, along with an investigation on the effect (if any) of 
sample salinity on the retention of metals on the SPE column. 
Column loading pH and elution volume optimisation 
Based on the work of Rahmi et al., (2007) and Brown and Bruland (2008), column and sample pH’s between 
5.5 to 6.0 were optimal for the pre-concentration of most metals from marine samples using IDA based 
resins. However, as neither study investigated the simultaneous extraction of aluminium and gallium, resin 
specific pH optimisation was undertaken. To optimise column and sample loading pH, acidified seawater 
(0.2% v/v HNO3) samples were spiked with aluminium and gallium to 25 µg.L
-1 and 5.0 µg.L-1, respectively. 
Samples were buffered to pH’s 4.0 to 7.0 using small volumes of a 2.0 M ammonium acetate solution (pH 
9.0). Sample pH’s below 4.0 were not investigated as the abundance of H+ ions would simply out-compete 




through the SPE column at 1.0 mL.min-1 (based on Rahmi et al., (2007), still to be optimised), which had 
been pH adjusted to match the sample pH using 0.1 M ammonium acetate of the desired pH.  The column 
was then rinsed with 4 mL of pH matched 0.1 M ammonium acetate solution, followed by 6 mL of Milli-Q 
water to remove weakly bound non-target elements, with the more strongly bound metals subsequently 
eluted with 5 mL of 10% v/v HNO3. 
To determine the required elution volume, a total of 15 mL of 10% v/v HNO3 was passed through the 
column, and collected in three separate 5 mL aliquots. These aliquots were then analysed for aluminium 
and gallium to determine the minimum volume necessary for quantitative elution from the column. 
Sample flow rate 
Sample flow rates used in SPE vary considerably depending on resin type, column size and metals of 
interest, meaning resin and analyte specific optimisation is critical in ensuring quantitative recovery. In 
order to optimise sample flow rate through the SPE column, samples of acidified seawater were spiked with 
aluminium and gallium to 25 µg.L-1 and 5.0 µg.L-1, respectively. Samples were buffered to the optimal pH 
(obtained from above experiment) with small volumes of 2.0 M ammonium acetate solution (pH 9.0), then 
pumped through the SPE column at flow rates of 1.0 to 8.0 mL.min-1 using the syringe pump setup. 
Columns were again rinsed with 4 mL of 0.1 M ammonium acetate and 6 mL of Milli-Q water at  
1.0 mL.min-1 (regardless of sample loading flow rate). Aluminium and gallium were subsequently eluted 
from the column with the optimised volume of 10% v/v HNO3 (also at 1.0 mL.min
-1).  
Effect of sample salinity 
While the focus of this method was its application to marine waters, an investigation into the effect of 
sample salinity on method performance was undertaken to access the robustness of the SPE method, 
allowing for an assessment of the method’s effectiveness on a wider variety of sample matrices. This was 
achieved by diluting seawater (salinity = 35‰) with Milli-Q water to salinities of 26.3‰, 17.5‰ and 8.8‰. 
These solutions were acidified (0.2% v/v HNO3) at least 24 hours before being spiked with aluminium and 
gallium to 25 µg.L-1 and 5.0 µg.L-1, respectively. Samples were buffered to the optimal pH with small 
volumes of 2.0 M ammonium acetate solution (pH 9.0), then pumped through the SPE column at the 
optimised flow rate (from above experiment). Columns were rinsed with 4 mL of 0.1 M ammonium acetate 
and 6 mL of Milli-Q water at 1.0 mL.min-1, with aluminium and gallium subsequently eluted with the 
optimised volume of 10% v/v HNO3 (also at 1.0 mL.min
-1). 
5.2.5 CALCULATION OF METHOD DETECTION LIMIT 
Throughout the method optimisation and validation stages of this study, ICP-AES was used to quantify 
aluminium and gallium due to its faster analysis speed compared to ICP-MS, and its ability to 




MS analysis was used when determining much lower concentrations of both aluminium and gallium, due to 
the much lower instrumental detection limits obtainable for both elements by ICP-MS compared to ICP-
AES. 
The method detection limit was determined by replicate analysis of five method blank solutions, which 
were solutions of Milli-Q water acidified to contain 0.2% v/v HNO3, which were then buffered to the 
extraction pH as per regular samples and pre-concentrated in the same manner. Limits of detection for 
aluminium and gallium were then defined as three times the standard deviation of the concentrations of 






5.3 RESULTS AND DISCUSSION 
5.3.1 COLUMN/SAMPLE LOADING pH AND ELUTION VOLUME 
Column and sample loading pH 
With the speciation of metals in aqueous systems being highly dependent on pH, the quantitative retention 
of metals onto an ion exchange resin was also expected to be highly pH dependent. Figure 5.3 shows the 
recovery of aluminium and gallium spiked into seawater samples buffered to various pH’s before being 
passed through the Chelex-100 resin SPE column.  
 
Figure 5.3. Effect of pH on the recovery of aluminium and gallium onto a Chelex-100 resin SPE column at a sample 
flow rate of 1.00 mL.min
-1
 (mean ± error (2σ), n=3) 
Recovery was quantitative for both aluminium (99%) and gallium (100%) at pH 5.5, with recovery 
decreasing either side of pH 5.5 down to pH 4 and up to pH 7. The drop in gallium recovery at pH 4 is 
consistent with that obtained by Zhu et al., (2005) using a Chelex-100 resin column, and the drop in 
aluminium recovery at the lower pH’s is also consistent with Brown and Bruland (2008), using another IDA 
resin (Toyopearl AF-Chelate-650M). The greater abundance of H+ ions at the lower pH, outcompeting metal 
ions for binding sites was believed to be responsible for the decrease in metal retention. However the 
speciation of the metal ions in aqueous solution, particularly for gallium, could also explain the decrease in 
retention. While for aluminium, the soluble Al3+ ion is the dominant form of aluminium at pH 4 in marine 
waters (Elkins and Nelson, 2002), the solubility of gallium in marine waters is near its minima at pH 4 (≈10 
µg.L-1 at pH 4, Savenko and Savenko (2010)). The possible formation of the neutral Ga(OH)3 species would 
result in gallium passing straight through the ion exchange resin, resulting in a lower recovery. However, as 
the spiked gallium concentration was below the solubility limit at pH 4, it was believed that the greater 
abundance of H+ ions at pH 4 (i.e. there is approximately 32 times more free H+ ions at pH 4 than at pH 5.5), 
was the main reason for the low spike recoveries observed at pH 4. 
Sharp declines in the recovery of both aluminium and gallium were also observed at pH 7. This result is 

























which recovery was found to be quantitative up to pH 7.4 and 8.0, respectively. This result is however 
consistent with the speciation of aluminium in marine waters, with insoluble Al(OH)3 (gibbsite) the 
dominant species at pH 7 (Elkins and Nelson, 2002). This neutral species would not interact with an ion 
exchange media, and would therefore flow through the column, explaining the low spike recoveries. At pH 
7 – 8, a portion of gallium is likely to be present in its anionic Ga(OH)4
- form, thus excluding it from binding 
to a cationic exchange resin. 
In an attempt to account for the low spike recoveries of aluminium and gallium at pH 4 and pH 7, 
subsamples of the spiked seawater which had passed through the column were collected and analysed by 
ICP-AES using matrix matched seawater standards (Table 5.1). The presence of aluminium in the post-
column pH 4 seawater (2.5 µg.L-1) was likely due to the increased competition by H+ ions for binding sites 
on the chelating resin. At pH 4, it was postulated that the remaining aluminium (2.4 µg.L-1) did bind to the 
resin during the loading step, but was removed from the column during the 0.1 M ammonium acetate rinse 
step. As the rinse solution was also at pH 4, the increased concentrations of H+ ions (compared to pH 5.5 
and pH 7), likely led to a portion of the bound aluminium being displaced and stripped from the column. 
This could have been investigated, but was not deemed necessary as it was clear that pH 5.5 was optimum 
for aluminium and gallium pre-concentration. 





pH 4 pH 5.5 pH 7 pH 4 pH 5.5 pH 7 
Initial Concentration (µg.L
-1
) 25.0 25.0 25.0 5.0 5.0 5.0 
Recovered from SPE (µg.L
-1
) 20.1 24.7 15.0 4.6 5.0 3.9 
Post column seawater (µg.L
-1
) 2.5 < 1 < 1 < 1 < 1 < 1 
Percentage accounted for 90% 99% 60% 92% 99% 78% 
 
The absence of aluminium or gallium in the post column pH 7 seawater indicated that the column appeared 
to be functioning correctly in removing all aluminium and gallium from the sample, suggesting that the low 
spike recoveries were not due to the SPE column failing to bind metals as the sample was passed through 
the column. Possible explanations for the low spike recoveries observed were that in buffering the spiked 
seawater samples to pH 7, aluminium and gallium precipitated out of solution prior to an aliquot being 
taken and loaded onto the SPE resin; aluminium and gallium were successfully loaded onto the resin, but 
were partially eluted during the 0.1 M ammonium acetate and Milli-Q water rinsing steps; or most likely, 
aluminium and gallium were adsorbed to the container walls prior to an aliquot being loaded onto the SPE 
column. As it was apparent that pH 5.5 was the optimum pH for aluminium and gallium pre-concentration 




These results indicate a narrow pH range for quantitative recovery of aluminium and gallium, a range much 
more narrow than that reported by Brown and Bruland (2008) (pH from 5.0 to 7.4) for aluminium; and 
Rahmi et al. (2007) and Zhu et al. (2005) for gallium (pH from 4.5 to 8.0). This clearly highlights the 
importance of undertaking resin and column specific optimisation. All future work using the SPE column in 
this study was carried out using a column and sample pH range of 5.5 ± 0.1. 
 Elution Volume 
Of the 15 mL of 10% v/v HNO3 used to elute aluminium and gallium from the SPE column, quantitative 
recovery was achieved within the first 5 mL (101% and 100% spike recovery for aluminium and gallium, 
respectively). It is generally accepted that 2 bed volumes is the minimum eluate volume required for 
quantitative elution (Camel, 2003) (which for this column setup would correspond to 1-2 mL), however 
elution volumes smaller than 5 mL were not trialled. Eluate volumes of 5 mL were selected as optimal as 
elution was shown to be quantitative and allowed sufficient volume for replicate ICP-MS analysis (if 
required), as well as for density determinations to be carried out on the final eluate. The 10% v/v HNO3 
elution solution was passed through the column at 1.0 mL.min-1 regardless of sample loading flow rate, as 
while increased elution flow rates would decrease elution time, larger volumes of eluting acid are required 
at higher flow rates to achieve quantitative elution (Camel, 2003; Shamsipur et al., 2001). 
5.3.2 SAMPLE FLOW RATE OPTIMISATION 
Optimisation of sample flow rate through the SPE column is of critical importance to the quantitative 
recovery of metals from marine waters. Optimisation also allows for loading times to be minimised while 
still ensuring quantitative recovery. The recovery of aluminium and gallium from spiked seawater at various 
sample flow rates is presented in Figure 5.4.  
 
Figure 5.4. Recovery of aluminium and gallium from seawater onto Chelex-100 resin at pH 5.5 at varying flow rates 























No appreciable decrease in Al and Ga spike recovery was observed with increasing sample loading flow 
rates up to 4 mL.min-1 (Figure 5.4), a result which is consistent with similar studies using the Chelex-100 
resin (Orians and Bruland, 1988b; Riley and Taylor, 1968; Zhu et al., 2005). However, once flow rates were 
increased to 8.0 mL.min-1, spike recovery of aluminium ceased to be quantitative, due to the shorter 
contact time between the analyte and ion exchange resin. In contrast, gallium recovery remained 
quantitative even at flow rates of up to 8.0 mL.min-1, as a result of the greater selectivity of the Chelex-100 
resin for gallium compared to aluminium (Yuchi et al., 1997). 
Based on these results, a sample loading flow rate of 4 mL.min-1 was selected for all future experiments as 
recovery was quantitative for both aluminium and gallium, while keeping sample loading times to a 
minimum (12.5 minutes for 50 mL of sample). 
5.3.3 REMOVAL OF NON-TARGET ANALYTES 
From the initial optimisation experiments, removal efficiencies of greater than 80% were achieved for all 
four major seawater cations (Ca, Mg, K and Na) (Table 5.2), with the divalent Ca and Mg being removed 
slightly less effectively than the monovalent K and Na. This was to be expected, given that Chelex-100 resin 
contains paired IDA functional groups and is most commonly used to bind divalent cations. This observation 
is also consistent with other studies (Willie et al., 2001). 
Table 5.2. Initial removal efficiencies of major seawater cations and potential interferent ions using a Chelex-100 
SPE column using a 0.1 M ammonium acetate solution 
 














400 1300 400 11000 4.5 15* 
Removal efficiency 83% 94% 100% 100% 100% 94% 





mean seawater concentrations taken from Bruland and Lohan (2003).  
 
The presence of approximately 70 mg.L-1 of both Ca and Mg did not significantly suppress analyte signal on 
either ICP-MS or ICP-AES instrumentation. Therefore, while these concentrations were relatively high 
compared to other studies (Rahmi et al., 2007; Zhu et al., 2005), they were deemed acceptable as 
quantification by either ICP-MS or ICP-AES was not significantly hampered. 
However, repeat analysis using a different column resulted in much higher concentrations of Ca (150 ± 10 
mg.L-1; n=8) and Mg (180 ± 20 mg.L-1; n=8) being present in the final acid eluates. This was believed to be 
due to a greater amount of Chelex-100 resin being packed into this column. It was thought that while the 
weights of wet resin packed into each column were within 5% of one another, the subjective definition of 
what constituted a “wet slurry” may have resulted in varying amounts of actual resin being weighed into 




The effect of varying resin amounts on the retention of these non-target analytes was subsequently 
investigated. This was achieved by preparation of a series of columns packed with increasing amounts of 
wet resin slurry, with the concentrations of Ca, K, Mg and Na in the acid eluates being determined by ICP-
AES. These columns were prepared at the same time so as to ensure consistency of the “wet slurry”. 
Table 5.3 shows that the concentrations of the divalent seawater cations Ca and Mg increased dramatically 
with increasing amounts of Chelex-100 resin packed into the SPE column. This was believed to be due to 
the fact that packing more resin into a column results in more binding sites available to retain Ca and Mg, 
which are subsequently displaced by acid upon elution. 
Table 5.3. Retention of the major seawater cations on SPE columns containing varying amounts of Chelex-100 resin 
WEIGHT OF WET CHELEX 
SLURRY IN COLUMN (g) 
CONCENTRATION (mg.L
-1
) SPIKE RECOVERY (%) 
Ca K Mg Na Al Ga 
0.2 28 ± 1 0.2 ± 0.1 31 ± 2 5 ± 1 68 ± 1 98 ± 1 
0.4 98 ± 2 0.3 ± 0.2 99 ± 1 4 ± 4 85 ± 5 94 ± 2 
0.6 148 ± 6 0.3 ± 0.1 163 ± 6 5 ± 2 82 ± 7 93 ± 8 
(mean ± error (2σ), n=6) 
Although SPE columns packed with less resin resulted in less Ca and Mg being retained, recovery of 
aluminium was reduced due to the lack of binding sites. As can be seen in Table 5.4, for columns filled with 
only 0.2 g of resin slurry, spike recovery of aluminium was substantially lower than that for columns filled 
with 0.4 g and 0.6 g. Spike recoveries for gallium were still quantitative using the reduced amounts of 
Chelex resin, as the resin has a greater selectivity towards gallium than aluminium (Yuchi et al., 1997). 
While studies utilising micro-columns have successfully used smaller quantities than 0.2 g of resin to pre-
concentrate metals from marine waters (e.g. 0.088 g used by Rahmi et al. (2007)), such results were 
achieved by packing the chelating resin into smaller diameter columns, effectively increasing the relative 
path length of analytes through the column (Brown and Bruland, 2008; Rahmi et al., 2007). This increased 
path length resulted in a longer contact time between the analyte and resin, yielding more quantitative 
recoveries. Due to the wider column diameter used in this study (i.e. 9 mm compared to 2.5 mm used by 
Zhu et al. (2005)), 0.2 g of wet resin slurry did not offer a sufficient path length and therefore contact time 
to achieve quantitative recovery. Attempts to reduce column diameters resulted in back-pressure 
problems, meaning pre-concentration using reduced diameter columns was not possible in this study. 
While the spike recovery of aluminium did not appear quantitative using the SPE columns loaded with 0.4 g 
and 0.6 g of wet resin, it was believed this was simply a result of suppression of the aluminium signal in the 
ICP-AES, resulting in an erroneously low concentration being reported. This was supported by the fact that 
the average spike recoveries of both aluminium and gallium decreased as the concentrations of Ca and Mg 
increased. Suppression of the gallium signal was less pronounced than that of aluminium, which follows the 




to changes in plasma conditions (such as increased salt loading) than “soft” ionic emission lines (such as Al 
167.019 nm) (Mermet, 1991; Todoli and Mermet, 2008). Seawater which had passed through the 0.4 g and 
0.6 g columns was analysed by ICP-AES using the method of Angel et al., (2012) and was not found to 
contain any measureable concentrations of aluminium (i.e. <1 µg.L-1), further supporting this hypothesis. 
In order to reduce the concentrations of Ca and Mg in the acid eluates, allowing for interference and 
suppression free quantification, the 0.1 M ammonium acetate rinse solution was replaced with a 1.0 M 
ammonium acetate rinse solution while keeping the amount of wet resin slurry loaded in the SPE column 
constant at 0.4 g. Table 5.4 presents the results of ICP-AES analysis of the subsequent acid eluates. 
Table 5.4. Comparison of the concentration of major seawater cations in SPE acid eluates following rinsing with 0.1 
M and 1.0 M ammonium acetate 
CONCENTRATION OF 
AMMONIUM 









SPIKE RECOVERY  
(%) 
Ca K Mg Na B Ba Al Ga 
0.1 98 ± 2 0.3 ± 0.2 99 ± 1 4 ± 4 2 ± 2 1.0 ± 0.1 85 ± 5 94 ± 2 
1.0 1.3 ± 0.4 0.2 ± 0.2 1.1 ± 0.8 3 ± 2 <2 <0.1 95 ± 2 100 ± 1 
 
The ten-fold increase in concentration of the ammonium acetate rinse solution resulted in a large reduction 
in the concentrations of the major seawater cations, with removal efficiencies for Na, K, Ca and Mg all 
exceeding 99%. Such a significant reduction in the concentrations of these major seawater cations allowed 
for suppression-free determination of aluminium and gallium. This confirmed the hypothesis that spike 
recoveries of both aluminium and gallium were quantitative using 0.4 g of wet resin slurry, and that the 
initial low spike recoveries (Table 5.3) were simply as a result of signal suppression in the ICP-AES caused by 
the high Ca and Mg concentrations. 
The potential ICP-MS interferents B and Ba were also more effectively removed using the 1.0 M ammonium 
acetate rinse.  From the results presented in Chapter 3, it was clear that with eluate B concentrations of 
less than 2 µg.L-1 (Table 5.4), the potential ICP-MS interference arising from the boron-oxygen polyatomic 
species on aluminium would be negligible. Similarly for gallium, eluate Ba concentrations of less than 0.1 
µg.L-1, as well as eluate Ce concentrations of around 20 ng.L-1, negligible interference on the 69Ga isotope 
from doubly charged barium, or the 71Ga isotope from doubly charged cerium should arise, particularly if 
quantification is undertaken in the hydrogen reaction cell gas mode. 
It was also clear that the contact time between the analyte and resin is a critical parameter in ensuring 
quantitative recovery of both elements, particularly aluminium. Contact time is influenced by both column 
geometry and sample flow rate, and for the column filled with 0.4 g of wet resin slurry used in this study, 
using a sample flow rate of 4.00 mL.min-1 resulted in an analyte-resin contact time of five to six seconds. 
This is comparatively much longer than the one to two second contact times used in studies by Rahmi et al. 




ability to bind aluminium using such short contact times. In comparison, Brown and Bruland (2008) using a 
different IDA resin (Toyopearl AF-Chelate-650M) used contact times of approximately 13 – 14 seconds in 
order to bind aluminium. Such long times were necessary in that case as the resin employed had a much 
lower ion exchange capacity (25 – 45 meq.L-1; (Tosoh Bioscience, 2013)) compared to the resin used in the 
current study (400 meq.L-1; (Bio-Rad Laboratories, 2012)).  
One of the shortcomings of much of the literature on the pre-concentration of metals from seawater using 
SPE methods is the lack of discussion about contact time optimisation, instead focussing on flow rate 
optimisation. While one does affect the other, contact time is also governed by column geometry, meaning 
simply comparing flow rates alone will not give a true comparison of actual analyte-ion exchange resin 
contact times between methods. It was shown in this study that spike recovery of aluminium and gallium 
was quantitative at a flow rate of 4.00 mL.min-1, which equated to a contact time of between five to six 
seconds. However, if this contact time was halved to approximately three seconds by doubling the flow 
rate or halving the resin amount, spike recovery for aluminium was no longer quantitative. This suggests 
that a minimum contact time of six seconds is required to achieve quantitative spike recovery of aluminium 
from marine waters using the Chelex-100 ion exchange resin. 
5.3.4 EFFECT OF SAMPLE SALINITY 
Spike recoveries for both aluminium and gallium were found to be quantitative across the range of sample 
salinities investigated in this study (Figure 5.5). While no similar studies investigating the effect of salinity 
on the retention of aluminium and gallium on the Chelex-100 resin could be found in the literature, it is a 
result that was expected, given that at lower salinities, there is less Ca and Mg present competing for 
binding sites to limit the uptake of aluminium or gallium onto the resin. A study by Woodberry et al., (2005) 
using a different IDA based resin (Amberlite IRC748), found that metals were effectively bound to the resin 
across a range of sample salinities, a result which is consistent with the observations of the current study. 
 





























It should be noted that while Figure 5.5 shows that the SPE method developed in this study is effective at 
pre-concentrating both aluminium and gallium across a wide range of salinities, it may not be necessary to 
utilise a matrix removal/pre-concentration step in quantifying these elements at lower salinities. In the 
analysis of undiluted seawater, the major cations Ca, Mg, K and Na cause significant interference and 
suppression in analytical systems such as ICP-MS and ICP-AES. However, as sample salinities decrease, the 
concentrations of these cations also decrease, resulting in far less instrumental signal suppression.  
As a result, it may be possible to achieve direct quantification of aluminium and gallium in lower salinity 
samples, without the matrix removal/pre-concentration step. However, if ultra-trace determination of 
aluminium and gallium was required, it may still be necessary to perform the pre-concentration step, in 
order to increase the measureable concentrations of both elements above instrumental detection limits. 
5.3.5 DETERMINATION OF METHOD DETECTION LIMIT 
The limit of detections were defined and calculated as three times the standard deviation (3σ) of the 
concentrations of five replicate blank solutions (MacDougall and Crummett, 1980; Taylor, 1987), and were 
initially found to be 10 ng.L-1 for both aluminium and gallium. Such a detection limit for aluminium is 
slightly higher but comparable to the 2.7 ng.L-1 detection limit obtained by Brown and Bruland (2008). In 
contrast, the 10 ng.L-1 detection limit obtained for gallium is much greater than those obtained by Orians 
and Bruland (1988b) (0.09 ng.L-1) and Orians and Boyle (1993) (0.04 ng.L-1). This was attributed to the much 
larger 800 and 3000 fold pre-concentration factors used in those studies, respectively. 
The detection limit for aluminium using the SPE method developed in this study was greater than 10 times 
lower than the current ANZECC Environmental Concern Level (ECL) of 0.5 µg.L-1, which was the major aim of 
this project. However, while the calculated detection limit was 10 ng.L-1, the measured method blank 
aluminium concentration was 40 ± 4 ng.L-1. Although the concentration of a method blank solution is of less 
importance than its accurate evaluation, it is commonly agreed that it is good measurement practice to 
keep it as low as practicable (Taylor, 1987). In contrast to aluminium, method blank gallium concentrations 
were below the method detection limit of 10 ng.L-1. 
Additionally, the concentration of analyte in a blank solution should never be greater than, or equal to the 
concentration of analyte expected in a sample (Taylor, 1987). In the context of the current study, this 
implies that despite a method detection limit of 10 ng.L-1, aluminium concentrations of lower than 40 ng.L-1 
cannot be accurately and reliably measured. An investigation into the possible sources of aluminium in the 
method blanks was undertaken, with the aim to reduce method blank aluminium concentrations to less 
than 10 ng.L-1. As there were a number of steps in the sample preparation and treatment procedure, there 
were a number of potential sources of this aluminium contamination. Table 5.5 summarises the main 




Table 5.5. Possible sources of aluminium contamination to the method blank solutions 




Milli-Q Water Acidified and treated as a sample 
 
2.0 M CH3COONH4 buffer Buffering acidified sample to pH 5.5 
 
NH4OH solution Adjusts 2.0 M CH3COONH4 to pH ≈ 9 
 
1.0 M CH3COONH4 rinse Removes unwanted Ca, Mg, Na and K from column 
 
Eluting HNO3 solution Elutes Al and Ga bound to column 
 




Syringes Loading samples and reagents 
 
Other plastic-ware Preparing samples, collecting eluates 
  
The laboratory-ware used was quickly ruled out as a source of aluminium contamination, as the same type 
of plastic-ware was used to prepare standards in which no contamination was observed. Similarly for the 
Milli-Q water and distilled HNO3, these were also used in the preparation of contamination free standards, 
and were therefore ruled out. A simple acid leaching experiment carried out on the acid washed syringes 
also ruled these out as a source of aluminium contamination. 
It was suspected therefore, that despite the ammonium acetate reagents being column cleaned, some 
aluminium remained which was binding to the column during the column conditioning, rinsing or sample 
buffering steps. To investigate the 0.1 M ammonium acetate column conditioning solution, clean 10% v/v 
HNO3 was passed through the column to remove any bound aluminium, then the 0.1 M buffer solution 
passed through to bring the column pH back up to pH 5.5 ± 0.1, as per the normal pre-concentration 
procedure. Instead of then loading a sample, the column was rinsed with 6 mL of Milli-Q water, then bound 
aluminium eluted with 5 mL of distilled 10% v/v HNO3. This was then analysed by ICP-MS to determine the 
contribution of the 0.1 M ammonium acetate buffer to the aluminium concentration in the method blank. 
Similar steps were repeated for the 1.0 M ammonium acetate rinsing solution. To assess the contribution 
from the 2.0 M ammonium acetate buffer, a sample of acidified Milli-Q (0.2% v/v HNO3) was pH adjusted 
using the buffer, pre-concentrated as per the normal procedure, but with no column rinsing with the 1.0 M 
ammonium acetate solution. The bound aluminium was then eluted and analysed by ICP-MS. Results of 
these sequential loading experiments are presented in Table 5.6. For comparison, a 2.0 M buffer solution 
which had not been column cleaned was used to buffer a method blank solution to pH 5.5 ± 0.1 to show 





Table 5.6. Aluminium contamination from ammonium acetate buffering and rinsing reagents 
SEQUENTIAL LOADING SOLUTION Al (ng.L
-1
) 
Column Blank < 1 
Column buffered using 0.1 M ammonium 
acetate* 
2 
Buffered column rinsed with 4 mL of 1.0 M 
ammonium acetate* 
22 
Method blank buffered with 2.0 M 
ammonium acetate* 
25 
Method Blank Total 40 
Method Blank using non-column cleaned 2.0 
M buffer 
144 
*Reagents had been column cleaned once prior to use 
It can be seen that simply buffering the column back to pH 5.5 after elution introduced little aluminium 
contamination, despite approximately 20 mL of buffer being used to achieve this. Also evident, is that the 
use of the 1.0 M ammonium acetate solution used to remove weakly bound alkali earth metals, contributed 
to half of the aluminium initially found in the method blank solutions, with the remaining half coming from 
the 2.0 M ammonium acetate solution used to buffer the samples to pH 5.5 ± 0.1. This result is consistent 
with other studies (e.g. Willie et al., (2001)), which have noted that the use of ammonium acetate solutions 
at concentrations in excess of 1.0 M can be an impediment to achieving low method blank values. 
The column cleaning step which the reagents underwent was effective at removing a portion of the 
aluminium present in the ammonium acetate solutions. This was demonstrated as buffering a method 
blank solution with non-column cleaned 2.0 M ammonium acetate solution resulted in blank aluminium 
concentrations of 144 ng.L-1, almost four times greater than that obtained when using the singly column 
cleaned 2.0 M ammonium acetate solution. Therefore, in order to further reduce the concentration of 
aluminium in both the 1.0 M and 2.0 M ammonium acetate solutions, reagents were column cleaned twice 
before use. 
Using the singly column cleaned 0.1 M ammonium acetate, and doubly column cleaned 1.0 M and 2.0 M 
ammonium acetate solutions, method blank aluminium concentrations dropped to 24 ± 4 ng.L-1, with the 
detection limit remaining consistent at 10 ng.L-1. Gallium concentrations in the first method blanks were 
below the initial detection limit of 10 ng.L-1, however this detection limit was greatly improved upon use of 
the doubly column cleaned reagents, dropping to 0.1 ng.L-1, with method blank concentrations now 
detectable (0.2 ng.L-1). The gallium detection limit of 0.1 ng.L-1 obtained in this study was comparable to the 
0.09 ng.L-1 detection limit obtained by Orians and Bruland (1988b).  
It was shown that double column cleaning the 1.0 M and 2.0 M ammonium acetate solutions, resulted in a 
40% reduction in method blank aluminium concentrations, compared to singly column cleaned reagents. It 
was believed that the greater abundance of the NH4




solutions was responsible for incomplete removal of aluminium during the first column cleaning step. While 
the selectivity of the Chelex-100 resin is greater for aluminium than for the NH4
+ ion, the sheer abundance 
of it likely meant that it out-competed a portion of the aluminium for the available ion exchange sites. Due 
to time constraints, investigations into further reductions in method blank aluminium concentrations were 
not possible. In order to reduce the method blank aluminium concentration further, a third column 
cleaning step could be investigated. Alternatively, clean ammonium acetate could be synthesised in-house 
by purging high purity ammonia gas through distilled acetic acid (e.g. see Biller and Bruland, (2012)). 
5.3.6 APPLICATION OF THE PRE-CONCENTRATION METHOD TO COASTAL MARINE 
SURFACE WATERS 
The SPE method developed in this study was applied to a number of coastal marine water samples (see 
Appendix B for site details). Optimised method conditions of sample and column pH of 5.5 ± 0.1, sample 
flow rate of 4.00 mL.min-1 and 1.0 M ammonium acetate (pH 5.5 ± 0.1) column rinsing solution were used 
throughout. Quantification was carried out by ICP-MS using the optimised conditions presented in Chapter 
3, with both aluminium and gallium quantified in the hydrogen reaction cell tune mode. 
On a selection of samples where aluminium concentrations were high enough, samples were also 
quantified using the ICP-AES matrix-matched seawater standards method described by Angel et al., (2012), 
as well as the method of standard additions by ICP-AES (US EPA, 1994a). Aluminium and gallium 
concentrations in the coastal surface waters collected, as determined by the SPE method are presented in 
Table 5.7. SPE quality control data such as duplicates and spike recoveries, are presented in Appendix D. 
Table 5.7. Aluminium and gallium concentrations in coastal marine samples as determined by the SPE method 
Site Code Site Name 








MPW BB Milsons Point Wharf Bottle Blank 0.02 0.6 <0.1 <1.4 --- 
MPW Milsons Point Wharf 3.7 138 6.1 88 0.64 
NBW Neutral Bay Wharf 3.9 146 5.5 78 0.54 
CPW Cremorne Point Wharf 3.3 124 4.7 67 0.54 
TZW Taronga Zoo Wharf 3.2 118 5.0 72 0.61 
CG Clifton Gardens 3.0 113 4.2 60 0.53 
KB Kyeemagh Beach 2.7 102 110 1575 15.5 
SBK Silver Beach, Kurnell 2.7 100 10 149 1.49 
FSB-J Foreshore Rd Jetty, Botany Bay 7.3 271 7.1 101 0.37 
OP Oak Park 1.3 47 1.4 20 0.42 
SHB Salmon Haul Bay 1.7 64 1.6 23 0.37 
--- Current ANZECC ECL 0.5 19 18,000 260,000 --- 






As can be seen in Table 5.7, there was a wide range of aluminium and gallium concentrations found across 
the sites sampled, with the more industry exposed sites of Sydney Harbour and Botany Bay containing 




the sources of these metals, Ga/Al molar concentration ratios have previously been used to provide insight 
into the movement and various input mechanisms of aluminium and gallium in marine environments 
(Shiller, 1988; Orians and Bruland, 1988b; Shiller, 1998). Ga/Al ratios for the samples collected in this study 
are listed in Table 5.7 and presented graphically in Figure 5.6. 
The Ga/Al ratio found at the Kyeemagh Beach site was quite different to that of the other sites sampled in 
this survey (Figure 5.6). If this site is excluded from the Ga/Al concentration plot, an interesting trend is 
observed. While samples from Port Hacking and Sydney Harbour contain varying concentrations of 
aluminium and gallium, the ratios between the two remain very similar (indicated by the linear distribution 
of the data points) (Figure 5.7). This indicates similar input mechanisms for both elements at these sites.  
 
Figure 5.6. Dissolved gallium and aluminium concentrations in all samples analysed by the SPE method (Kyeemagh 
Beach site in green) 
 
Figure 5.7. Dissolved gallium and aluminium concentrations in all samples analysed by the SPE method, excluding 
Kyeemagh Beach (remaining Botany Bay samples in green) 
While aeolian deposition is believed to be the major source of aluminium and gallium to the world’s 
oceans, seawater Ga/Al ratios typically do not mirror the crustal Ga/Al ratio of 0.071 mmol.mol-1 (Taylor, 











































aluminium, seawater Ga/Al ratios are typically 50 to 100 times greater than the crustal ratio (i.e. 3.6 – 7.1 
mmol.mol-1) (Orians and Bruland, 1988b). The Ga/Al ratios found in samples from the Port Hacking and 
Sydney Harbour sites are not only lower than this predicted range, but are also lower than values obtained 
by Shiller (1998) for open Atlantic Ocean surface waters (2.7 mmol.mol-1). This suggests that while aeolian 
deposition may be the primary source of gallium to these sites, there appears to be additional sources of 
aluminium, resulting in lower than expected Ga/Al ratios.  
Samples taken at all three Botany Bay sites had Ga/Al ratios which do not follow the linear trend observed 
at the Port Hacking and Sydney Harbour sites. The significant variation in Ga/Al ratios across Botany Bay, 
suggest there are numerous input mechanisms for both aluminium and gallium. The lower salinity of the 
Foreshore Rd site suggests freshwater inputs, possibly a result of groundwater inflow (National Water 
Commission, 2012), potentially bringing with it both aluminium and gallium. The burning of fossil fuels has 
also been identified as a potential source of increases in the Ga/Al ratio (Orians and Bruland, 1988b; Shiller, 
1988), as gallium is more readily volatilised from the burning of fossils fuels such as coal and oil (Bertine 
and Goldberg, 1971). The close of proximity of multi-lane roads, as well as Australia’s busiest airport (BITRE, 
2012), means there are many potential sources of gallium from the burning of fuel oils near these sites. 
The gallium concentration found at the Kyeemagh Beach site of 110 ng.L-1 was by far the highest found in 
this survey. Consequently, a much higher Ga/Al ratio was found at this site, indicating a different input 
mechanism (other than aeolian deposition) for gallium at this site. This sampling site was adjacent to the 
mouth of the Cooks River, which has historically been a source of anthropogenic metal inputs into Botany 
Bay (Birch, 1996; Hayes et al., 1998; Spooner et al., 2003). However, from the small scale of the sampling 
regime undertaken in this study, it is impossible to attribute a single source to this gallium concentration. 
At all sites sampled, aluminium concentrations were found to exceed the current ANZECC marine ECL of 0.5 
µg.L-1. It is important to note that this current ECL is a low reliability trigger value generated from limited 
toxicity data, and the concentrations observed are similar to those found in Gladstone Harbour in 
Queensland, another industrialised harbour (Angel et al., 2012). As concentrations of aluminium were 
above 1 µg.L-1 for all sites, a number of samples were also analysed by standard addition, as well as the 
matrix-matched standards method of Angel et al., (2012). A comparison of results in presented in Table 5.8. 
Table 5.8. Comparison of aluminium concentrations for a number of sites as determined by the SPE, standard 
addition and matrix matched standards methods 
    ALUMINIUM (µg.L-1) 
SITE CODE SITE NAME SPE STANDARD ADDITION MATRIX MATCHED STANDARDS 
OP Oak Park 1.3 1.2 <1.0 
SHB Salmon Haul Bay 1.7 1.8 <1.0 
NBW Neutral Bay Wharf 3.9 3.9 3.5 
SBK Silver Beach, Kurnell 2.7 2.6 1.9 
FSB-J Foreshore Rd Jetty, Botany Bay 7.3 7.7 8.9 
 




At concentrations above 1 µg.L-1, there was good agreement between both the SPE and standard addition 
methods. The limitation of the standard addition method is the two orders of magnitude higher detection 
limit which limits its applicability. The limitations of the matrix-matched standards methods are quite clear 
from Table 5.8. At the sites with lower aluminium concentrations such as Oak Park and Salmon Haul Bay, 
concentration data was not obtainable using the matrix-matched standards method, as the seawater used 
in the preparation of these standards likely contained ≈ 1 µg.L-1, as it was collected nearby these two sites. 
The reason that concentrations reported using the matrix-matched standards method are not then 1 µg.L-1 
lower for all samples, is that the ICP-AES software “blank corrects” using the background equivalent 
concentration in the matrix of the standards. As a result, at sites with higher concentrations such as Neutral 
Bay Wharf, there was better agreement between the methods.  
There was however substantial variation in the concentrations reported for the Foreshore Rd Jetty sample 
from Botany Bay. This was due to the lower salinity of this sample (26.8 PSU), which resulted in less 
suppression of the analyte signal in the AES plasma, when compared to the seawater matrix-matched 
standards. The reduced suppression resulted in greater emission intensity from the Al 167.610 nm emission 
line, and a higher concentration being reported. Along with the inadequate detection limit, this is an 
important limitation of the matrix-matched standards method. For saline samples with dissolved 
aluminium concentrations greater than 1.0 µg.L-1, the matrix-matched standards method can provide only 
an indication of dissolved aluminium concentrations. For more reliable concentration data, the use of SPE 
method developed in this study is required. 
5.4 CONCLUSION 
The newly developed SPE pre-concentration method was optimised for the simultaneous determination of 
aluminium and gallium in marine waters. Important method parameters such as sample and column pH, 
sample flow rate analyte-resin contact time and column rinsing solutions were all optimised to allow for 
interference free ultra-trace quantification of aluminium and gallium. Coupled with detection using a 
previously optimised ICP-MS, detection limits of 10 ng.L-1 and 0.1 ng.L-1 were obtained for aluminium and 
gallium, respectively. Sample preparation time was minimised to around 45 minutes per sample, allowing 
for up to 15 samples to be pre-concentrated per day by a single operator. This sample throughput is much 
greater than previous studies achieving similar detection limits (e.g. Orians and Bruland, (1988b)), and has 
the potential to be substantially increased through the use of multi-channel syringe pumps. 
While at all sites investigated, aluminium concentrations were above the current ANZECC ECL of 0.5 µg.L-1, 
it is important to note that this is a highly conservative, low reliability guideline developed using very 
limited toxicity data, as described in Section 1.2.2. It is recommended that investigations into the 
bioavailability and toxicity of aluminium in marine waters be undertaken, in order to generate a more 





A recent study by CSIRO in Gladstone Harbour highlighted the need for a greater understanding of the 
distribution and toxicity of aluminium in marine waters (Angel et al., 2012). However many routine water 
quality monitoring programs (e.g. EHP, 2012f) cannot achieve the low detection limits required to measure 
aluminium at and below the current ANZECC marine Environmental Concern Level (ECL) of 0.5 µg.L-1 
(ANZECC, 2000). For reasons highlighted in section 1.3, existing methods capable of quantifying ultra-trace 
concentrations of aluminium in marine are burdened by the required use of hazardous organic solvents 
such as chloroform, time and labour intensive sample preparations (e.g. Orians and Bruland, 1986), or 
procedures  requiring highly skilled operators (e.g. Resing and Measures, 1994). In response to these issues, 
this study developed a rapid, sensitive and simple analytical method for the quantification of both 
aluminium and gallium in marine waters at the parts per trillion (ng.L-1) level. 
The first step in achieving the low detections limits obtained in this study (10 ng.L-1) was the optimisation of 
the ICP-MS for aluminium and gallium quantification. While the Inductively Coupled Plasma-Mass 
Spectrometer (ICP-MS) is one of the most commonly used instruments in inorganic analyses, it can suffer 
from significant interferences, particularly when quantifying metals in marine samples. High TDS 
concentrations result in “sapping” of plasma power and suppression of analyte signal, and complex 
matrices such as seawater also give rise to a number of potential interferences which were highlighted in 
Section 1.4.3. The magnitudes of both polyatomic and doubly charged interferences were greatly 
influenced by the use of a collision or reaction cell gases such as helium and hydrogen, respectively. This 
study found that while the use of helium collision cell gas greatly reduced oxide interferences, doubly 
charged interferences were greatly exacerbated as a result of kinetic energy discrimination. The use of 
hydrogen reaction cell gas however, greatly reduced doubly charged interferences and was the ideal cell 
gas for gallium quantification. Both hydrogen and helium cell gas modes reduced oxide interferences, with 
the helium more effective than the hydrogen cell gas. However, the use of helium cell gas at 6.0 mL.min-1 
greatly reduced sensitivity (by up to 98% compared to no cell gas). In such circumstances, the use of 
hydrogen cell gas would be the most appropriate as it reduces oxide interferences while not severely 
reducing sensitivity.  
In developing a new pre-concentration method for the determination of aluminium and gallium, it was 
desirable to compare its performance to a “classical” technique such as the liquid-liquid solvent extraction 
technique developed by Orians and Bruland (1986). A slightly modified version of the Orians and Bruland 
(1986) method was investigated in this study, in which chloroform was substituted with the (somewhat) 
less hazardous 1,1,1-trichloroethane. Following an extensive investigation, this modified technique could 
not successfully be implemented. Low spike recovery for aluminium was observed using a simple acid back-




to acid addition (76%). Spike recovery of gallium was quantitative using the simple acid back-extraction 
procedure (95%), however lower spike recoveries were observed (86%) when the solvent was first 
evaporated. Upon encountering these significant practical obstacles, and keeping the time constraints of 
the project in mind, quantification of aluminium and gallium by liquid-liquid solvent extraction was 
abandoned in favour of the development of a solid phase extraction (SPE) method. 
The SPE method developed in this study utilised the Chelex-100 ion exchange resin in its ammonium form 
to pre-concentrate aluminium and gallium. Optimisation of sample and column pH, as well as sample flow 
rate and resin rinsing solutions showed that quantitative spike recovery for both aluminium (99 ± 2%) and 
gallium (100 ± 2%) could be achieved within a narrow pH range (pH 5.5 ± 0.1), while using relatively fast 
flow rates (4.00 mL.min-1). Column specific optimisation was shown to be of critical importance in ensuring 
quantitative recovery of aluminium and gallium from marine waters. Additionally, the often neglected 
parameter of analyte-resin contact time was shown to be a more adequate factor in comparing various 
methods, more so than sample flow rate. Sequential elution (or column rinsing) was shown to be a critical 
step in ensuring the efficient removal of seawater matrix elements, allowing for accurate and interference 
free quantification by ICP-MS. This method, capable of processing up to 15 samples per day used a 10 fold 
pre-concentration factor to achieve detection limits of 10 ng.L-1 for aluminium and 0.1 ng.L-1 for gallium. 
This newly developed method was then applied to marine samples collected along the eastern coast of 
Sydney, New South Wales. Mean dissolved aluminium concentrations in Port Hacking, Sydney Harbour and 
Botany Bay were 1.5 µg.L-1, 3.5 µg.L-1 and 4.3 µg.L-1, respectively. All sites sampled contained dissolved 
aluminium concentrations above the current ANZECC ECL of 0.5 µg.L-1 (ANZECC/ARMCANZ, 2000). Mean 
dissolved gallium concentrations in Port Hacking, Sydney Harbour and Botany Bay were 1.5 ng.L-1, 5.1 ng.L-1 
and 8.7 ng.L-1, respectively. An outlier gallium concentration of 110 ng.L-1 was found at the Kyeemagh 
Beach site in Botany Bay, but due to the limited size of the sampling regime, a source for this gallium could 
not be attributed. Ga/Al molar concentration ratios suggested similar input mechanisms for aluminium and 
gallium at the Port Hacking and Sydney Harbour sites, which were suggested to be different for the Botany 
Bay sites. 
Aluminium concentrations in coastal marine surface waters determined by the SPE were in good 
agreement with the concentrations calculated by the method of standard additions (R2 = 0.995). The 
matrix-matched standards method of Angel et al., (2012), showed reasonable correlation to the results 
obtained by SPE, but were biased low due to aluminium being present in the standard matrix. The matrix-
matched standards method also tended to over-estimate aluminium concentrations in less saline samples, 
as a result of less analyte suppression in the plasma of the AES, highlighting the limitations of the matrix-
matched standards method for aluminium quantification. The detection limits for gallium by standard 
addition and the matrix-matched standards methods were not low enough to allow for a comparison 





While this study resulted in the development of a solvent free, routine method for the determination of 
aluminium and gallium in marine waters, it would be desirable to assess the ability of this method to 
simultaneously pre-concentrate other metals which are typically measured in routine monitoring programs. 
If metals currently quantified using the liquid-liquid solvent extraction method such as Cd, Co, Cu, Ni, Pb 
and Zn (e.g. Angel et al., 2012) could be quantified simultaneously with aluminium and gallium using the 
SPE method, this would eliminate the need for hazardous organic solvents such as chloroform, methyl 
isobutyl ketone or 1,1,1-trichloroethane.  
The presence of aluminium at concentrations greater than the current ANZECC Environmental Concern 
Level (ECL) highlights the need for more information on the bioavailability and toxicity of aluminium in 
marine waters, leading to the development of a more robust and reliable trigger value. Additionally, very 
little is known about the toxicity of gallium to marine organisms, with the current ANZECC ECL of 18 µg.L-1 
based solely on a small number of freshwater toxicity tests (ANZECC/ARMCANZ, 2000). To gain a greater 
understanding of the toxicity of gallium in marine systems, and to generate a more reliable trigger value, 
more research needs to be carried out. 
The lack of reliable “baseline” aluminium and gallium concentrations in the coastal surface waters of 
Australia’s coast also presents a problem in determining impacts of new developments and industries. 
Baseline trace metal studies have been carried out along the New South Wales coast for a number of other 
metals (Apte et al., 1998), but not for aluminium or gallium. As has been noted by Apte et al., (1998), the 
detection of increases in trace metal concentrations is reliant on background or “baseline” concentrations 
being well known. It is recommended that an investigation into baseline aluminium and gallium 
concentrations be undertaken along coastal Australia, along with an attempt to identify some existing 
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TYPICAL LOD (3σ) 
(FRESHWATER MATRIX) 
TYPICAL LOD (3σ) 
(SEAWATER MATRIX) 










Na 589.592 nm 5 µg.L
-1
 N/A 
Ca 318.127 nm 5µg.L
-1
 N/A 
Mg 279.078 nm 5µg.L
-1
 N/A 
K 766.491 nm 2µg.L
-1
 N/A 
B 249.678 nm 7 µg.L
-1
 N/A 







Appendix B - Coastal seawater sampling data 







Sydney Harbour Milsons Point Wharf MPW 33° 50' 57.4" S 151° 12' 37.7" E 6:45 AM 7.98 32.6 Bottle Blank taken at this site 
 Neutral Bay Wharf NBW 33° 50' 32.3" S 151° 13' 9.8" E 7:15 AM 8.07 33.1 Duplicate taken at this site 
 Cremorne Point Wharf CPW 33° 50' 52.6" S 151° 13' 51.9" E 7:41 AM 7.99 33.2 
 
 Taronga Zoo Wharf TZW 33° 50' 42.3" S 151° 14' 22.2" E 8:25 AM 8.13 33.2 
 
 Clifton Gardens CG 33° 50' 23.9" S 151° 15' 10.7" E 8:55 AM 8.11 33.3 
 
Botany Bay Foreshore Rd, Botany FSB-J 33° 57' 29.5" S 151° 11' 52.3" E 10:15 AM 8.02 26.8 Sample taken off boat ramp jetty 
 Kyeemagh Beach KB 33° 56' 57.9" S 151° 09' 56.2" E 10:40 AM 8.05 31.8 
 
 Silver Beach, Kurnell SBK 34° 00' 28.9" S 151° 12' 45.4" E 11:20 AM 8.08 33.4 
 
Port Hacking Salmon Haul Bay SHB 34° 04' 22.6" S 151° 09' 07" E 12:05 PM 8.17 33.6 
 
 Oak Park OP 34° 04' 17.4" S 151° 09' 23.3" E 12:25 PM 8.23 34.2 Duplicate taken at this site 




Appendix C - Map of sampling locations 
 
Ga/Al molar concentration ratios (mmol.mol
-1
) listed in yellow boxes adjacent to each site 




Appendix D - SPE Quality Control Data 
Site and method replicate analysis for samples quantified using the SPE method 
  






Bottle Duplicates OP Oak Park 1.2 1.3 
 
OP Dup Oak Park Bottle Dup 1.3 1.5 
 
OP Bottle Avg Oak Park Average 1.3 1.4 
 
NBW Neutral Bay Wharf 3.9 5.3 
 
NBW Dup Neutral Bay Wharf Bottle Dup 4.0 5.7 
 
NBW Bottle Avg Neutral Bay Wharf Average 3.9 5.5 
Method Duplicates SHB Salmon Haul Bay 1.7 1.7 
 
SHB SPE Dup Salmon Haul Bay SPE Dup 1.7 1.5 
 
SHB SPE Avg Salmon Haul Bay SPE Avg 1.7 1.6 
 
MPW Milsons Point Wharf 3.7 6.0 
 
MPW SPE Dup Milsons Point Wharf SPE Dup 3.7 6.2 
 
MPW SPE Avg Milsons Point Wharf SPE Avg 3.7 6.1 
Bottle Avg = average of duplicate samples taken in the field 




Aluminium and gallium spike recovery on a number of samples quantified using the SPE method 
SITE CODE SITE NAME 
SPIKE RECOVERY (%) 
Al Ga 
OP Oak Park 96 98 
TZW Taronga Zoo Wharf 94 105 
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